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ABSTRACT

Mercury (Hg), as a trace element cycling in the environment, poses a serious
health threat to both humans and wildlife due to its toxicity. Atmospheric deposition is the
main source of Hg to most remote environments. The Adirondack Park in New York State
of the United States receives moderate Hg deposition, and is a region characterized by
relatively high concentrations of Hg in the terrestrial and especially aquatic biota. It is
important to understand the mechanisms that contribute to the sensitivity of this region to
Hg inputs. In my research, studies of the spatial patterns of Hg in atmospheric deposition,
soils and lake biota were conducted as tools to characterize and quantify the inputs,
transport, transformations, and bioaccumulation of Hg in the Adirondacks.
Atmospheric Hg deposition was estimated using numerical modeling and limited
field data. Mercury deposition to the coniferous forest, and deciduous forest during the
leaf-on period was estimated as the sum of litterfall and throughfall deposition, and Hg
deposition to the deciduous forest during the leaf-off period and the non-forest areas
year-around was estimated as wet deposition plus modeled dry Hg deposition. Dry Hg
deposition was estimated using the Big Leaf model, with consideration of elevation in the
calculation of deposition velocities. Mercury and organic matter concentrations and pools
in soil profiles were surveyed at 139 forest sites across the northeastern United States
including the Adirondacks to study spatial patterns of soil Hg biogeochemistry. Finally
Hg concentrations were characterized for the entire aquatic food chain for 44 Adirondack
lakes, including lake water, littoral sediment, zooplankton, crayfish, fish and common
loon.
Although there were distinct spatial patterns of increasing Hg deposition with
forest cover, increasing elevation, and decreasing latitude and longitude, no direct
relationship were found with Hg concentrations or pools in soils or aquatic biota with

atmospheric Hg deposition. The soil Hg pools were found to be related to the historical
Hg deposition, while the horizonal patterns of soil Hg concentrations appear to be shaped
by the depth distribution of soil organic matter. Mercury concentrations in lake biota
increased with increasing position in the food chain. Methyl Hg concentrations in top
predators are set by the base of the food chain and strongly increase with decrease in lake
pH. My research suggests that the landscape characteristics (acidic lakes, large forest
coverage) contribute to the ability of Adirondack ecosystems to process Hg inputs, convert
these inputs to methyl Hg and transfer that methyl Hg to elevated concentrations in top
aquatic predators.

SPATIAL PATTERNS OF MERCURY IN ATMOSPHERIC DEPOSITION, SOILS
AND LAKE BIOTA IN THE ADIRONDACK PARK, NEW YORK

by
Xue Yu

B.Eng., Yangtze University, 2004
M.S., University of Chinese Academy of Sciences, 2007
DISSERTATION
Submitted in partial fulfillment of the requirements for the degree of Doctor of
Philosophy in Civil Engineering in the Graduate School of Syracuse University
December 2012

Copyright 2012 Xue Yu
All Rights Reserved

Acknowledgments

I sincerely thank Dr. Charles T. Driscoll, my advisor, for his conscientious
cultivation, incessant support and careful guidance. Charley is approachable and
generous, and will always make me feel comfortable to seek him for advice. Charley is a
most learned and well renowned scholar, and is diligent and dedicated to work. He is a
model to me both in acdemics and life.
I would like to acknowledge the financial support from my department, the
Department of Civil and Environmental Engineering of Syracuse University. I would also
like to acknowledge the New York State Energy Research and Development Authority, the
Keck Foundation, the National Science Foundation through the Hubbard Brook Long
Term Ecological Research program, the U.S. Environmental Protection Agency, Wildlife
Conservation Society, Natural History Museum of the Adirondacks, New York State
Department of Environmental Conservation, and the Audubon Society of New York, for
the financial support of my research.
I would like to acknowledge the help and advice I received from my committee
members, from Thomas M. Holsen, Chris E. Johnson, Douglas Call, Myron Mitchell,
Huiting Mao, and Peng Gao. I would like to acknowledge the help and advice from
professors in my department, from Andria Costello Staniec, Raymond Letterman, David
Chandler, Cliff Davidson, and Eric Lui. I would also like to acknowledge all the
co-authors of the papers we went through, from Jiaoyan Huang, David Evers, Nina
Schoch, Neil C. Kamman, Richard A. F. Warby, Melissa Duron, and Kate Williams.
Thanks to the following for making my life in the department smooth and pleasant,
from Maureen Hale and Elizabeth Buchanan, from Mario Montesdeoca and Ed Mason,
and from Qingtao Zhou, Wei Li, Brad Blackwell, Rouzbeh Berton, Collin Fuss, Amy
Sauer, Afshin Pour Mokhtarian and Habibollah Fakhraei.
v

Thanks to my folks for the friendship and moral support, from Xianmin Lin, the
family of Xiaodong Sun, Lei Zhang, Siying Chang, Weian Liu, Chong Li, Xiaoran Zhang,
Renbing Peng, and Zizhao Yan.
Finally, I dedicate the work to my family. I deeply thank my parents, my two
brothers, and the family of my wife. I especially want to thank my wife, Xiaoli Guo, and
my son, Cheche, for the support, strength and hope, and love, joy, and happiness, that you
give and we share incessantly.

vi

Table of Contents

Abstract

i

Copyrightpage

iv

Acknowledgments

v

List of Tables

xi

List of Figures

xii

1 Introduction

1

2 Literature Review

4

2.1 Hg as a Pollutant . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . .

4

2.2 Sources and Emissions . . . . . . . . . . . . . . . . . . . . . . . . . . . . .

4

2.3 Atmospheric Hg Deposition and Surface Evasion . . . . . . . . . . . . . . .

5

2.3.1 Deposition and Evasion . . . . . . . . . . . . . . . . . . . . . . . . .

5

2.3.2 Spatial Modeling . . . . . . . . . . . . . . . . . . . . . . . . . . . . .

6

2.4 Surface Water Processes . . . . . . . . . . . . . . . . . . . . . . . . . . . .

7

2.5 Trophic Transfer and Hg Accumulation . . . . . . . . . . . . . . . . . . . .

8

2.5.1 Hg Contamination Indicators . . . . . . . . . . . . . . . . . . . . . .

8

2.5.2 Terrestrial Ecosystems . . . . . . . . . . . . . . . . . . . . . . . . . .

8

2.5.3 Aquatic Ecosystems . . . . . . . . . . . . . . . . . . . . . . . . . . .

9

vii

3 Spatial Patterns of Atmospheric Hg Deposition

11

3.1 Objective and Hypothesis . . . . . . . . . . . . . . . . . . . . . . . . . . . . 11
3.2 Methods . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 11
3.2.1 Site Description . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 11
3.2.2 Experimental and Data Analysis Methods . . . . . . . . . . . . . . . 13
3.2.3 General Modeling Scheme . . . . . . . . . . . . . . . . . . . . . . . 15
3.2.3.1 Wet Hg Deposition . . . . . . . . . . . . . . . . . . . . . . . 16
3.2.3.2 Dry Hg Deposition . . . . . . . . . . . . . . . . . . . . . . . 17
3.2.3.2.1 Dry Deposition . . . . . . . . . . . . . . . . . . . . . 17
3.2.3.2.2 Litterfall Hg Deposition . . . . . . . . . . . . . . . . 18
3.2.3.2.3 Throughfall Hg Deposition . . . . . . . . . . . . . . 19
3.3 Results and Discussion . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 20
3.3.1 Atmospheric Hg Concentrations . . . . . . . . . . . . . . . . . . . . 20
3.3.2 Dry Hg Deposition . . . . . . . . . . . . . . . . . . . . . . . . . . . . 22
3.3.2.1 Deposition Velocities . . . . . . . . . . . . . . . . . . . . . . 22
3.3.2.2 Deposition Fluxes . . . . . . . . . . . . . . . . . . . . . . . 23
3.3.2.3 Spatial Patterns of Hg Deposition . . . . . . . . . . . . . . . 25
3.3.3 Model Evaluation . . . . . . . . . . . . . . . . . . . . . . . . . . . . 28
3.3.3.1 Multiple Resistances Analysis . . . . . . . . . . . . . . . . . 28
3.3.3.2 Dry Deposition Evaluation . . . . . . . . . . . . . . . . . . . 30
3.3.3.3 Leaf-on vs. Leaf-off Periods . . . . . . . . . . . . . . . . . . 32
3.3.3.4 Model Intercomparison . . . . . . . . . . . . . . . . . . . . . 32
4 Spatial Patterns of Soil Hg Accumulation

35

4.1 Objective and Hypothesis . . . . . . . . . . . . . . . . . . . . . . . . . . . . 35
4.2 Materials and Methods . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 35

viii

4.2.1 Study Sites . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 35
4.2.2 Soil Sample Collection and Analysis . . . . . . . . . . . . . . . . . . 36
4.2.3 Data Sources and Analysis . . . . . . . . . . . . . . . . . . . . . . . 38
4.2.4 Spatial Deposition Estimation . . . . . . . . . . . . . . . . . . . . . . 39
4.2.5 Soil Hg Pool Estimation . . . . . . . . . . . . . . . . . . . . . . . . . 40
4.3 Results . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 41
4.3.1 Atmospheric Deposition and Surface Evasion . . . . . . . . . . . . . 41
4.3.2 Soil Chemical Characteristics . . . . . . . . . . . . . . . . . . . . . . 42
4.3.3 Soil Hg Concentrations . . . . . . . . . . . . . . . . . . . . . . . . . 44
4.3.4 Soil Hg Pools . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 45
4.3.5 Correlation Analysis . . . . . . . . . . . . . . . . . . . . . . . . . . . 46
4.4 Discussion . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 47
4.4.1 Factors Influence the Spatial Patterns . . . . . . . . . . . . . . . . . . 47
4.4.1.1 Atmospheric Hg Deposition . . . . . . . . . . . . . . . . . . 47
4.4.1.2 Forest Coverage . . . . . . . . . . . . . . . . . . . . . . . . 48
4.4.1.3 Dynamics of SOM . . . . . . . . . . . . . . . . . . . . . . . 48
4.4.1.4 GEM Evasion . . . . . . . . . . . . . . . . . . . . . . . . . . 49
4.4.2 Pools and Turnover . . . . . . . . . . . . . . . . . . . . . . . . . . . 50
5 Spatial Patterns of Lake Biota Hg Accumulation

54

5.1 Objective and Hypothesis . . . . . . . . . . . . . . . . . . . . . . . . . . . . 54
5.2 Study Site, Field and Analytical Methods . . . . . . . . . . . . . . . . . . . 54
5.2.1 Study Site . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 54
5.2.2 Field and Laboratory Methods . . . . . . . . . . . . . . . . . . . . . 55
5.3 Data Analyses Methods . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 57
5.4 Results and Discussion . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 60

ix

5.4.1 General Lake Water Chemistry . . . . . . . . . . . . . . . . . . . . . 60
5.4.2 Water . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 60
5.4.3 Sediments . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 61
5.4.4 Lower Food Web . . . . . . . . . . . . . . . . . . . . . . . . . . . . 61
5.4.5 Upper Food Web . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 62
5.4.6 Factors Affecting Hg Overaccumulation . . . . . . . . . . . . . . . . 64
5.4.6.1 Lake Chemistry Effects . . . . . . . . . . . . . . . . . . . . . 64
5.4.6.2 Biologic Effects . . . . . . . . . . . . . . . . . . . . . . . . . 67
5.4.6.3 Spatial Landscape Effects . . . . . . . . . . . . . . . . . . . 69
6 Synthesis and Integration, and Suggestions for Future Study

72

6.1 Synthesis and Integration . . . . . . . . . . . . . . . . . . . . . . . . . . . . 72
6.2 Suggestions for Future Research . . . . . . . . . . . . . . . . . . . . . . . . 75
7 Conclusions

77

7.1 Phase I: Spatial Patterns of Atmospheric Hg Deposition . . . . . . . . . . . . 77
7.2 Phase II: Spatial Patterns of Soil Hg Accumulation . . . . . . . . . . . . . . 78
7.3 Phase III: Spatial Patterns of Lake Biota Hg Overaccumulation . . . . . . . . 80
Appendix 1

81

Appendix 2

83

Bibliography

83

Vita

106

x

List of Tables

3.1 Modeled logistic equations of atmospheric Hg deposition flux (y, µg m −2 yr−1 )
as a function of elevation (x, m) for each land use categories . . . . . . . . . 29
4.1 Number of soil samples collected for each soil horizon in the five sub-regions.
Note for some sites, all soil horizons did not occur in the pit excavated. . . . 37
4.2 Characteristics of the sub-regions where soil samples were collected. The
pHs is referred to pH of the extract soil sample solution, where mean values
of the soil samples in each sub-region were reported here. Forest percentage refers to the forest coverage in each watershed where soil samples were
excavated. . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 37
5.1 Lake name, ID, mean major chemistry and lake-watershed characteristics,
and location of the 44 study lakes in Adirondacks, the lake IDs correspond
to lakes shown in Figure 5.1 . . . . . . . . . . . . . . . . . . . . . . . . . . 71
7.1 QA/QC criteria used and results obtained for the study. . . . . . . . . . . . . 82
7.2 Lake name, ID, mean major chemistry and lake-watershed characteristics,
and location of the 44 study lakes in Adirondacks . . . . . . . . . . . . . . . 84

xi

List of Figures

3.1 Location of Adirondack Park in New York State and the elevation (unit: m)
distribution in the Park (upper panel), and the land cover distribution pattern
of the Park (lower panel). The location of the Huntington Wildlife Forest
is represented by the star. In this paper, I used the same color scheme to
represent the LUCs in all the figures. . . . . . . . . . . . . . . . . . . . . . . 12
3.2 Daily average meteorological conditions at Huntington Wildlife Forest for
the period 2009-2011 measured by CASTNET. Temperature and wind speed
exhibited considerable diurnal variation. However their annual patterns followed the same patterns presented here. Precipitation and snow were mainly
event-based. The area between the gray vertical dashed lines represents the
leaf-on period. . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 14
3.3 Atmospheric Hg deposition modeling scheme used in my study. Wet Hg
deposition is considered as precipitation Hg deposition, while dry Hg deposition is considered as the sum of modeled dry deposition to the nonforested areas and deciduous forest in the leaf-off period, and litterfall and
net throughfall (throughfall minus precipitation deposition) Hg deposition to
the coniferous forest and deciduous forest in the leaf-on period. . . . . . . . 16

xii

3.4 Measured diurnal and seasonal atmospheric Hg concentrations (mean ± 95%
confidence value) from 2009 - 2011 at the Huntington Wildlife Forest in the
Adirondack Park. GOM, gaseous oxidized Hg; PBM, particulate bound Hg;
GEM, gaseous elemental Hg. Units for GOM and PBM are pg m −3 , and for
GEM is ng m−3 . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 21
3.5 Diurnal patterns of atmospheric Hg deposition velocities (mean ± 95% confidence value) for coniferous (dark green lines) and deciduous (blue lines)
forest.

. . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 23

3.6 Box plots of deposition velocities (cm s −1 ) for the major land use categories
(LUCs) in the Adirondacks. The upper and lower bars represent the 5th and
95th percentile values, respectively; the bars inside the boxes represent the
median (red bars) and mean (white bars) values. . . . . . . . . . . . . . . . . 24
3.7 The cumulative and seasonal patterns of annual dry Hg deposition (left panel;
GEM left axis, GOM and PBM right axis), and annual dry Hg deposition
patterns of the three forms of atmospheric Hg to water, coniferous and deciduous forests in the Adirondacks (right panel). . . . . . . . . . . . . . . . 25
3.8 Spatial distribution patterns of atmospheric Hg deposition to the Adirondack
Park, including: a) wet deposition, b) litterfall deposition (LF), c) surface
GEM evasion, d) throughfall deposition (TF); e) the sum of LF and net TF
(TF - wet deposition), f) the modeled dry deposition (sum of GEM, GOM
and PBM deposition), and g) the total net Hg deposition (wet + dry - evasion). Unit: µg m−2 yr−1 . . . . . . . . . . . . . . . . . . . . . . . . . . . . 27

xiii

3.9 a): Relationships of modeled Hg dry deposition fluxes with elevation (GEM
left axis, GOM and PBM right axis). The logistic equations used are shown
in Table 3.1. b): The effect of the scaling factor (β ) on the modeled dry
Hg deposition, and the comparisons with field data (solid lines: modeled dry
deposition; while the dotted, dashed, and dash-dotted lines: the field data
of litterfall Hg deposition and the sum of litterfall (LF) and net throughfall
(TF) Hg deposition, respectively). Note that the net throughfall Hg for deciduous forest is small, with the values for LF Hg deposition and the sum of
LF and TF Hg deposition as 14.7 µg m −2 yr−1 and 14.9 µg m−2 yr−1 , respectively. In this study, I used a β value of 0.1, and the corresponding modeled
dry Hg deposition to coniferous (dark green triangle symbol) and deciduous
(blue triangle symbol) forests were: 17.5 µg m −2 yr−1 and 12.4 µg m−2 yr−1 ,
respectively. The blue circle that nearly supersedes the dark green triangle represents the modeled net dry Hg deposition to deciduous forest (17.9
µg m−2 yr−1 ). . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 28
3.10 The contribution patterns of the serial resistances (R a , Rb , Rc ; average values) in calculating atmospheric Hg deposition velocities to coniferous forest,
deciduous forests and water. . . . . . . . . . . . . . . . . . . . . . . . . . . 30
3.11 The annual contribution patterns of the components in calculating the canopy
resistance (Rc ) of atmospheric Hg deposition velocities to coniferous (plot a)
and deciduous forest (plot b). . . . . . . . . . . . . . . . . . . . . . . . . . . 31

xiv

4.1 Locations of the soil sampling sites across the northeastern United States,
which are divided into five sub-regions by geographic proximity, i.e. Adirondacks (ADR), Catskills/Poconos (CATPOC), Central New England (CNE),
Maine, and Southern New England (SNE). The same symbols were used to
represent various sub-regions for all figures in this research. . . . . . . . . . 36
4.2 Estimated atmospheric Hg deposition and surface GEM evasion in the northeastern United States, unit: µg m−2 yr−1 . Wet deposition (plot a) was estimated as precipitation Hg deposition. Dry deposition (plot b) was estimated
as: dry deposition of reactive gaseous Hg (pathway of GOM and PBM) obtained from CAMQ-Hg output (U.S. EPA, Community Multiscale Air Quality) in the non-forested areas, and net throughfall deposition (throughfall deposition minus wet deposition) and litterfall deposition (pathway of GEM)
in the forested areas. Total Hg deposition (plot d) was estimated as the sum
of wet and dry deposition minus GEM evasion (plot c).

. . . . . . . . . . . 42

4.3 a): Bi-directional fluxes of Hg (atmospheric Hg wet and dry deposition and
surface GEM evasion); b) soil Hg pools and the fraction of total Hg pool
in the organic horizons in the five sub-regions of the northeastern U.S. The
different symbols in panel b represent various soil horizons, where above
the x axis are Oie and Oa horizons, and below are E, BS1 , BS2 , BS3 and C
horizons, respectively. . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 43

xv

4.4 Plot a): Relationships of Hg concentrations and organic carbon concentrations in the mineral horizons (short dash), r=0.75, p<0.0001, and in all horizons (dotted line), r=0.88, p<0.0001; plot b): relationships of soil Hg pools
with carbon concentrations in the organic horizons (dotted line), r=0.52,
p=0.1, and in the mineral horizons (short dash lines), r=0.36, p=0.07; plot c):
relationship of Hg/OC and OC/N ratios in soil profile, the modeled function
was y = 7.12ln(x) −1.28, r=0.77, p<0.0001. The different symbols represent
different sub-regions.

. . . . . . . . . . . . . . . . . . . . . . . . . . . . . 45

4.5 a): Estimated historical Hg deposition to sub-regions in the northeastern
United States. The deposition before industrialization (<1850) was considered to be steadfast at each of the sub-regions, while the deposition after
1850 was re-constructed from previous studies on Hg emissions. b): Relationship between estimated historical Hg deposition and pools of Hg in
organic horizons (Oie: open symbols; Oa: solid dark symbols). . . . . . . . . 52
5.1 Location of the 44 study lakes in Adirondack Park of New York State. The
corresponding lake names for each ID are shown in Table 5.1. . . . . . . . . 55
5.2 Mercury concentrations (mean ± standard deviation) in biota, whole body,
except for zooplankton (dry weight) all samples were based on wet weight. . 63

xvi

xvii

5.3 Mean Hg concentrations in fish (whole body, yellow perch equivalent values,
µg g−1 , ww; a) and common loons (blood, female loon unit values, µg g −1 ;
b) for the cumulative distribution of lakes sampled. The gray vertical lines in
the fish population plot (a) represent the threshold values of 0.16, 0.21 and
0.42 µg g−1 for adverse effects on common loon and 0.30 µg g−1 for the U.S.
EPA fish consumption advisory criterion. The gray vertical line in the loon
population plot (b) represents the threshold concentration of 3.0 µg g −1 for
the health concern criterion for the common loon . . . . . . . . . . . . . . . 64
5.4 Spatial distributions of pH in lake surface water and Hg concentrations in
biota in the 44 Adirondack lakes, µg g −1 , i.e. zooplankton (MeHg), crayfish (THg), fish (yellow perch equivalent, YPE), and common loon (blood,
female loon unit, FLU) . . . . . . . . . . . . . . . . . . . . . . . . . . . . . 65
5.5 Relationships between acid neutralizing capacity (ANC) and Hg concentrations in zooplankton (a), fish (b), and common loons (c). The exponential
decay models fitted were: y = 0.126e−0.009x (a), y = 0.2698e−0.0057x (b),
and y = 2.644e−0.0052x (c), respectively. The p values for the three models are 0.002, <0.0001 and <0.0001, respectively. The dashed lines of 0.16,
0.21, 0.3, and 0.42 µg g−1 in plot b, and 3 µg g−1 in plot c represent the same
criteria values as in Figure 5.3.

. . . . . . . . . . . . . . . . . . . . . . . . 67

1

Chapter 1
Introduction

Mercury (Hg) is a mobile trace element that persists in the environment. It is a
powerful neurotoxin that is regarded as a threat to both human and ecological health
(Driscoll et al., 2007a). Mercury contamination is especially dangerous to children and
women at child-bearing age (Wolfe et al., 2009). Fish consumption is the main pathway of
Hg exposure to humans (Driscoll et al., 1994; Fitzgerald and Clarkson, 1991). By 2010,
fish consumption advisories were established in all 50 states of U.S. including 38 with
statewide advisories (US EPA, 2010).
Atmospheric deposition is the main input of Hg in remote ecosystems (Fitzgerald
et al., 1998). In areas with abundant forest cover, the canopy plays an important role in
adsorbing and absorbing atmospheric Hg and enhancing the magnitude of atmospheric Hg
deposition in the forms of throughfall and litterfall (Demers et al., 2007). Terrestrial soils
are the main receptor of atmospheric Hg deposited to the landscape. However, aquatic
ecosystems are particularly important in terms of Hg bioaccumulation and exposure to
wildlife and humans. The form of Hg that strongly bioaccumulates is methyl Hg (MeHg).
MeHg is largely produced under anoxic conditions where the process of Hg methylation is
facilitated by the metabolism of sulfate or iron reducing bacteria (Fleming et al., 2006;
Kerin et al., 2006; Ullrich et al., 2001). Once produced, MeHg is readily assimilated by
algae and enters into and biomagnifies through the food chain.
The northeastern United States receives moderate atmospheric Hg deposition and
is considered to be a Hg sensitive region with typically forested land cover, abundant
wetlands, and low-productivity surface waters (Driscoll et al., 2007a). The Adirondack
region of the New York State in the northeastern U.S. has been identified as a "biological
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Hg hotspot", as indicated by elevated Hg contamination for a human health indicator
(Perca flavescens; yellow perch) and a wildlife health indicator (Gavia immer; common
loon) (Evers et al., 2007). There are 71 fish consumption advisory lakes across the
Adirondacks by August 2012 (New York State, Department of Health, 2012a). In
addition, many fish species were recommended not to be consumed, including largemouth
bass, smallmouth bass, northern pike, pickerel, walleye and yellow perch (>10 in) in all
waters throughout the Park (New York State, Department of Health, 2012b).
Despite widespread contamination, there is still considerable variability in the Hg
status of individual waters and watersheds across the relatively small area of the Park and
among lakes in close proximity. Studies are needed to explore the mechanisms that lead to
the status of Adirondack Park as a biological Hg hotspot. The spatial distribution patterns
of Hg in various environmental settings including atmospheric deposition, soil, water and
biota can serve as important tools to address this problem because: (1) spatial patterns of
atmospheric Hg deposition are useful in identifying areas likely to have more severe Hg
contamination and help characterize and quantify Hg inputs to surfaces; (2) spatial
distribution patterns of soil Hg concentrations and pools are necessary to determine Hg
budgets in soils which is important in evaluating the fate of Hg inputs to terrestrial
ecosystems as well as the supply of Hg to downstream aquatic ecosystem; and (3)
studying the spatial patterns of Hg along the entire aquatic food chain is crucial in
exploring the complex factors that influence Hg bioaccumulation.
The main question addressed in this research is: What are the spatial patterns of
Hg inputs and Hg concentrations in soil, lake water and aquatic biota, and what are
the factors influencing the spatial variation in transport, transformation, fate and
bioaccumulation of Hg in the terrestrial and aquatic ecosystems of the Adirondack
Park, New York State?
The overarching hypothesis of this research is that: landscape characteristics,
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and associated water quality and conditions are the controllers of the sensitivity of
the Adirondacks to atmospheric Hg deposition and its status as a "biological Hg
hotspot".
To address this overarching question and hypothesis, this dissertation is organized
in chapters which address phases of this research. In the next chapter (Chapter 2), a
literature review is provided to present the background on Hg contamination, Hg
biogeochemical cycling in the environment, understanding of atmospheric Hg deposition,
and a summary of studies on spatial patterns of Hg in terrestrial and aquatic ecosystems.
Following the literature review in Chapter 2, Chapter 3 to Chapter 5 describe the three
phases of my study. Chapter 3 focuses on describing a methodology to estimate
atmospheric Hg deposition to the Adironacks and the results of those estimates. Chapter 4
involves a study of the spatial patterns of Hg concentrations and pools in forest soils of the
northeastern U.S. In Chapter 5, a survey of Hg concentrations along the entire aquatic
food chain including lake water, littoral sediment, zooplankton, crayfish, fish and common
loons for 44 Adirondack lakes is described and analysis of factors influencing Hg
bioaccumulation are explored. Synthesis and integration of the research conducted, and
suggestions for future research are presented in Chapter 6. The conclusions are provided
in Chapter 7.

4

Chapter 2
Literature Review

2.1 Hg as a Pollutant
As a pervasive element in the environment, Hg has been regarded as a health threat
to both humans and wildlife (Driscoll et al., 2007a). Studies have revealed that Hg
(especially MeHg) in the pregnant woman can cross the placenta into fetus and can also
pass into the baby’s body through mother ingesting Hg. The impacts of high levels of Hg
in fetuses and babies are associated with harmful effects to the cognitive thinking,
memory attention, language, and fine motor and visual skills, as MeHg is a powerful
neurotoxin (US EPA, 1997a,b). Studies have also linked reproductive success, hormonal
changes, and motor skill impairment with high body Hg concentrations in fish and
wildlife (Evers et al., 2004; Wiener and Spry, 1996).

2.2 Sources and Emissions
The origins of Hg in the environment are from both natural sources (volcanic
eruptions, biomass burning, and the ocean surfaces) and anthropogenic emissions
(coal-fired power plants, waste incinerators, metal smelters, and Hg industrial facilities)
(Bergan et al., 1999; Driscoll et al., 2007a; Mason et al., 1994; Pacyna et al., 2003).
Natural sources and cycling (5,207 Mg yr−1 ) contribute more Hg emissions than direct
anthropogenic sources (2,320 Mg yr−1 ) (Pirrone et al., 2010). While direct anthropogenic
sources are only about 1/3 of the total annual emissions to the atmosphere, however,
anthropogenic Hg is at least an order of magnitude greater than "geogenic sources" (Amos
et al., 2012). The balance of "natural emissions" is due to previous deposited Hg
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(secondary emissions). The emissions from the northeastern U.S. contribute 5% (4.7
metric tons) of the total U.S. Hg anthropogenic emissions (110 metric tons) (Driscoll
et al., 2007a). Aggressive Hg emission limits for municipal and medical waste
incinerators were adopted in the 1990s, resulting in decreases of emissions from these
sources by 85% (NESCAUM, 2003). There are no substantial point emission sources in
the Adirondacks. Analyses have suggested that emissions from the Midwest where
abundant coal-fired power plants are located are important Hg sources for the
Adirondacks (Choi et al., 2008). In 2012, the U.S. Environmental Protection Agency (US
EPA) established the Mercury and Air Toxics Standard (MATS) to limit Hg emissions
from coal-fired electric utilities (US EPA, 2012b).

2.3 Atmospheric Hg Deposition and Surface Evasion
2.3.1 Deposition and Evasion
Atmospheric Hg occurs largely in three operationally defined forms: gaseous
elemental Hg (GEM), gaseous oxidized Hg (GOM), and particulate bound Hg (PBM)
(Lindberg and Stratton, 1998; Pleijel and Munthe, 1995). GEM can affect both local and
global areas due to its long residence time in the atmosphere, while GOM and PBM are
mainly believed to be local and regional contaminants. Studies suggest that GEM makes
up >95% of the total atmospheric Hg (Gustin et al., 2008; Lindberg et al., 2007).
Atmospheric Hg deposition occurs as wet deposition (that associated with rain and snow),
dry deposition (that associated with PBM and GOM, and stomata uptake of GEM), and/or
cloud and fog deposition. In areas with large forest coverage, forest canopies substantially
enhance atmospheric Hg deposition via litterfall and throughfall deposition (Demers et al.,
2007; Risch et al., 2011; St. Louis et al., 2001). The magnitude of Hg deposition via
throughfall is generally greater than precipitation (Grigal, 2002). Dry deposition has been
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found to be equal to or more important than wet Hg deposition for the Northeast U.S.
including the Adirondacks (Miller et al., 2005). Evasion of GEM (the newly deposited
elemental Hg, and/or the reduced deposited ionic Hg) from land and water surfaces to the
atmosphere also plays an important role in the Hg cycling. For example, the re-emitted
GEM (7,700 Kg yr−1 ) is estimated to be about half of the total deposited Hg (15,900
Kg yr−1 ) to the Great Lakes basin (Denkenberger et al., 2011). Evasion of re-emissions
are the most important loss mechanism of atmospheric Hg deposition.

2.3.2 Spatial Modeling
Atmospheric Hg input to the Earth’s surface occurs via wet and dry deposition
(Gardfeldt and Jonsson, 2003; Lindberg and Stratton, 1998). Wet Hg deposition is
monitored by Mercury Deposition Network (MDN) at 112 currently active sites as part of
the National Atmospheric Deposition Program (NADP) in North America (Prestbo and
Gay, 2009). In contrast, there are limited measurements of atmospheric Hg concentrations
and Hg dry deposition (Gustin and Jaffe, 2012; Huang and Holsen, 2011). Therefore
numerical modeling is often used to estimate total atmospheric Hg deposition. Existing
atmospheric deposition models include both global/continental scale (Dastoor and
Larocque, 2004; Lee et al., 2001; Petersen et al., 1995; Ryaboshapko et al., 2002;
Schmolke and Petesen, 2003), and regional scale models (Bullock, 2002; Cohen et al.,
2004; Gbor et al., 2007; Holloway et al., 2012; Lin and Tao, 2003; Miller et al., 2005;
Seigneur et al., 2004; Shannon and Voldner, 1995; Xu et al., 1999). However, no study has
systematically estimated atmospheric Hg deposition to a relatively small but ecologically
important region with complex topography like the Adirondacks.
Atmospheric models, either Lagrangian or Eulerian, often use a box scheme or
"response" approach, to estimate the deposition flux in a defined domain. This approach is
generally based on anthropogenic Hg emission inventories and/or modeled natural Hg
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emissions, assumes some initially uniform atmospheric Hg concentration, and simulates
the transformations and transport of atmospheric Hg forms based on certain driving
parameters (physicochemical reaction constants of atmospheric Hg, meteorological
conditions, land surfaces) (above reference from Petersen et al. 1995 to Holloway et al.
2012). The dry deposition flux is calculated as the product of dry deposition velocity (V d )
and atmospheric Hg concentrations (Wesely and Hicks, 2000). While these models can
provide useful results to characterize Hg fluxes due to air-surface exchange, their
limitations include: (1) inaccuracies/uncertainty in documenting/estimating Hg emissions,
especially non-point anthropogenic emissions and natural emissions (Pirrone et al., 2010);
(2) gaps in understanding Hg speciation and physicochemical reactions in the atmosphere,
such as those involving particles and cloud droplets (Rutter and Schauer, 2007a,b; Subir
et al., 2011); (3) uncertainties in the physicochemical mechanisms of Hg exchange
between the atmosphere and Earth surfaces (Lin and Tao, 2003; Subir et al., 2011); and
(4) the use of a relatively coarse grid size (e.g. 12 km: US EPA, 2012a; Xu et al., 1999; or
36 km: Pongprueksa et al., 2008) that is not sufficient to reflect important spatial
variations of atmospheric Hg deposition to the local environment and particularly under
complex topography like the Adirondacks.

2.4 Surface Water Processes
Surface waters are an important media of Hg transport, transformations, and
accumulation. Mercury inputs to surface waters may originate from direct atmospheric
deposition and/or from soil water, watershed, and ground water drainage (Driscoll et al.,
2007b). Concentrations of total Hg (THg) in surface waters range from <0.5 to 12.7
ng L−1 (5% to 95%; Dennis et al., 2005) in the northeastern U. S. Mercury concentrations
in streams and rivers fluctuate seasonally and are often influenced by hydrological events
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(Dittman et al., 2010; Selvendiran et al., 2008). GEM in surface waters is mainly
produced from the reduction of ionic Hg through photochemical processes (Morel et al.,
1993). GEM can be removed from surface water through volatilization because most
surface waters are over saturated in GEM solubility relative to the atmosphere (Fitzgerald
et al., 1994). Mercury in surface waters is largely bound to suspended matter or dissolved
organic carbon (DOC) (Dittman et al., 2010). Therefore, suspended matter and DOC are
likely to be associated with the transport of Hg forms in waters. MeHg is mostly produced
as the byproduct from the metabolic processes of sulfate or iron reducing bacteria in the
anoxic sediment/water interface (Fleming et al., 2006; Kerin et al., 2006; Ullrich et al.,
2001), while abiotic processes in the water column can also yield considerable amounts of
MeHg in some waters (Celo et al., 2006). Demethylation can also occur by biotic and
abiotic processes.

2.5 Trophic Transfer and Hg Accumulation
2.5.1 Hg Contamination Indicators
Separate indicators have been established to protect humans and wildlife from
exposure to Hg. The U.S. Environmental Protection Agency (EPA) has indicated a Hg
concentration of 0.3 µg g−1 (wet weight, ww) in fish tissue as a water quality criterion
under §304 of the Clean Water Act to guide human consumption of fish. Due to the
detailed quantitative understanding of the physiological and reproductive effects of Hg,
the common loon has been widely used, especially in the northeastern U.S., as an
indicator of the impacts of Hg contamination on wildlife (Evers et al., 2003, 2007, 2008).
Three dietary concentration thresholds of Hg in fish tissues have been established to
indicate health impacts of common loons: concentrations above 0.16 µg g −1 Hg
significantly decrease loon reproduction (Evers et al., 2008); 0.21 µg g −1 is the Hg
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concentration associated with a 50% decrease from maximum production of fledged
young (Burgess and Meyer, 2008); and concentrations above 0.41 µg g −1 result in
complete reproductive failure (Burgess and Meyer, 2008). In addition, Evers et al. (2007;
2008) indicated that significant adverse physiological, behavioral and reproductive effects
occur above blood Hg concentrations of 3.0 µg g −1 in common loons.

2.5.2 Terrestrial Ecosystems
Terrestrial soil is a large reservoir of atmospherically deposited Hg. However, few
studies have evaluated the accumulation of Hg in terrestrial ecosystems in the northeastern
U. S. Soil is the major receptor of atmospheric Hg deposition in terrestrial ecosystems
(Grigal, 2002), as well as a substantial contributor of Hg in most surface waters (Hurley
et al., 1995; Selvendiran et al., 2008; Swain et al., 1992). Studies have also shown
terrestrial biota (e.g. birds, bats) with elevated Hg concentrations (Evers et al., 2007, 2008,
2012; Rimmer et al., 2010). Hence, quantifying the pools and dynamics of Hg in soils is of
vital importance in understanding the biogeochemistry and global cycling of this element.
The transport of Hg from the atmosphere to the land surface is mainly through wet
and dry deposition. In forest ecosystems, overstory canopies substantially enhance
atmospheric Hg deposition via litterfall and throughfall deposition (Demers et al., 2007;
Risch et al., 2011; St. Louis et al., 2001). Elemental Hg (GEM) can be volatilized from
land and water into the atmosphere, thus the transfer of Hg between the atmosphere and
land surfaces is bi-directional (Denkenberger et al., 2011).
In surface soils, Hg is supplied in litter inputs, and precipitation/throughfall Hg
inputs that are adsorbed to soil organic matter (SOM). Mercury can be reduced in surface
soils or "respired" through the oxidation of soil organic matter (SOM) and volatilized back
to the atmosphere (Smith-Downey et al., 2010). The major form of Hg in surface soils is
ionic Hg that is bound to humic substances in SOM (Grigal, 2002). Past atmospheric Hg
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deposition that has been sequestered by SOM is referred to as legacy Hg, which has a long
residence time in soil (Dittman et al., 2010; Hintelmann et al., 2002; Smith-Downey et al.,
2010). The horizonal patterns of soil Hg concentrations may not be directly related to
current atmospheric Hg deposition due to accumulation of legacy Hg, differential inputs,
accumulation and losses of SOM, and the transport and dynamics of both Hg and SOM
(Obrist et al., 2011). Hence, concentrations of SOM are often used to estimate the
distribution patterns of soil Hg concentrations (Smith-Downey et al., 2010).

2.5.3 Aquatic Ecosystems
MeHg is readily to be taken up by algae and bacteria and thus enters into the food
web. However, neither concentrations of THg nor MeHg in surface water are generally
significantly correlated with concentrations of Hg in freshwater biota, especially those
occupying higher trophic positions (Driscoll et al., 1994, 2007a). Many studies have been
conducted exploring factors influencing Hg bioaccumulation in aquatic food webs (Chen
and Folt, 2005; Chen et al., 2005; Driscoll et al., 2007a; Kamman et al., 2005). Lake water
chemistry, particularly pH and DOC, appears to influence the bioavailability of Hg at the
base of the aquatic food chain (Adams et al., 2009; Dittman and Driscoll, 2009). Chen et
al. (2005) proposed that indicators such as pH, acid neutralizing capacity (ANC), lake
area, and zooplankton abundance are useful in identifying lakes that likely contain fish
with high Hg concentrations. Other studies have shown the importance of wetlands in the
transport of Hg and the production and supply of MeHg (Driscoll et al., 1998; Hurley
et al., 1995; Selvendiran et al., 2008). Simonin et al. (2008) suggested that outlet dams
and the amount of contiguous wetlands affect Hg concentrations in fish. Dittman and
Driscoll (2009) indicated that pH and fish condition affect fish Hg concentrations. Indeed,
previous studies have focused on three categories of factors affecting Hg bioaccumulation
in aquatic biota: lake physicochemistry (e.g., pH, DOC), biology (e.g., taxa presence,
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trophic status), and landscape characteristics (e.g., land cover class, amount of connected
wetlands, elevation) (George and Batzer, 2008).
However, few studies have been conducted to evaluate spatial factors that influence
the bioaccumulation of Hg across the entire aquatic food chain (Kamman et al., 2005;
Kramar et al., 2005). Even for lakes in close proximity, concentrations of THg and MeHg
can be highly variable. Studies reveal that the high concentrations of Hg in lakes can be
explained by high concentrations of DOC present in surface waters and also elevated
atmospheric Hg deposition (Dennis et al., 2005). The spatial distribution patterns of Hg
concentrations in lakes appear to be governed by atmospheric Hg inputs, lake water
physicochemical properties and landscape characteristics (Yu et al., 2011).
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Chapter 3
Spatial Patterns of Atmospheric Hg Deposition

3.1 Objective and Hypothesis
In this phase of the dissertation, a modified scheme, or "surface receptor" model
was developed to estimate atmospheric Hg deposition to the Adirondacks based on both
experimental data of atmospheric and precipitation Hg concentrations, litterfall and
throughfall Hg deposition, and numerical modeling of atmospheric Hg dry deposition
velocities. The objective for this phase of study is to estimate atmospheric Hg deposition
and GEM evasion to the Adirondacks. The specific hypotheses for this phase of the
dissertation are: (1) the spatial patterns of atmospheric Hg deposition vary across the
Adirondacks in proximity to emission sources; (2) the Adirondacks is a net sink for Hg,
i.e. the net atmospheric Hg deposition fluxes are greater than that of the surface GEM
evasion; and (3) the forest canopy is the most important landscape characteristic
controlling atmospheric Hg deposition to the region, and this deposition is largely
controlled by resistance from the canopies.

3.2 Methods
3.2.1 Site Description
The modeling domain of this study is the Adirondack Park of New York State
(43°0 -44°55 N, 73°15 -75°20 W), which covers an area of 2.4 million ha with a
landscape of mountains, wetlands and lakes, and northern hardwood, boreal and alpine
tundra vegetation that is sensitive to Hg deposition (Figure 3.1) (Driscoll et al., 1991). The
mean elevation is 460 m with a range of 30-1,630 m. Forest is the largest land category
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(LUC), which accounts for 77% of the total land area with 47% as deciduous forest, 20%
as coniferous forest, and 10% as mixed forest. The remaining LUCs are mainly woody
wetlands (11%), and open water (6%). The dominant tree species in the deciduous forest
are sugar maple (Acer saccharum), American beech (Fagus grandifolia Ehrh.), and yellow
birch (Betula alleghaniensis), while coniferous forest is dominated by red spruce (Picea
rubens) and balsam fir (Abies balsamea (L.)P.Mill) (Demers et al., 2007).

Figure 3.1: Location of Adirondack Park in New York State and the elevation (unit:
m) distribution in the Park (upper panel), and the land cover distribution pattern of the
Park (lower panel). The location of the Huntington Wildlife Forest is represented by
the star. In this paper, I used the same color scheme to represent the LUCs in all the
figures.

The Huntington Wildlife Forest (HF) in Newcomb (43.97° N, 74.22° W; elevation:
500 m) is an intensive, long-term ecosystem study area, and has an MDN site (NY 20) and
a Clean Air Status and Trends Network (CASTNET) site (U.S. EPA;
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http://epa.gov/castnet/javaweb/index.html) which monitors meteorological
conditions on an hourly basis. The meteorological data from Jan 2009 - Dec 2011 were
used in this study (Figure 3.2). The leaf-on period was defined from Apr - Oct, and the
rest of the year as the leaf-off period. The annual temperature (mean ± stdev) was
7.4±10.8 ◦ C, with 12.4±7.2 ◦ C during the leaf-on period and -5.0±-7.7 ◦ C during the
leaf-off period. Surface temperature was significantly correlated with solar radiation
(r=0.8, p<0.0001). The annual precipitation was 1,070±6,300 mm, with greater
precipitation in the late spring. The average annual wind speed was 0.64±0.53 m s −1 ,
with a significantly greater wind speed during the leaf-off period (0.75±0.56 m s −1 ,
n=9,148) than the leaf-on period (0.55±0.51 m s −1 , n=15,206; p<0.01, GLM Tukey’s
method). The general wind direction was from the southwest, which has implications for
the transport of Hg from important source areas in the Midwest (Choi et al., 2008). Note
local wind direction may be affected by the presence of trees and changes in elevation.

3.2.2 Experimental and Data Analysis Methods
Atmospheric Hg concentrations were measured from Jan 2009 - Dec 2011 on a
3-hour basis using a Tekran Model 2537A, 1130, and 1135 speciation system (for detailed
descriptions of the analytical methods and quality control and quality assurance
procedures see Choi et al., 2008). Note that the Tekran system only measures PBM size
<2.5 µm while removing those >2.5 µm, which could be an issue for the urban and marine
environments which are characterized by large-sized particles (Mao and Talbot, 2012).
The detection limits for GEM, GOM and PBM were 0.1 ng m −3 , 0.2 pg m−3 and 0.64 pg
m−3 , respectively. Since atmospheric Hg concentration data from only one site were
available, atmospheric Hg concentrations were assumed to be homogeneous over the
entire Adirondacks. This is considered to be a reasonable assumption because: (1)
atmospheric Hg is dominated by a relatively unreactive form (i.e. GEM) in a remote area
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Figure 3.2: Daily average meteorological conditions at Huntington Wildlife Forest for
the period 2009-2011 measured by CASTNET. Temperature and wind speed exhibited considerable diurnal variation. However their annual patterns followed the same
patterns presented here. Precipitation and snow were mainly event-based. The area
between the gray vertical dashed lines represents the leaf-on period.

far from Hg emission sources and with no substantial point emission sources (Choi et al.,
2008), which is likely to be homogeneous in concentration. (2) GEM is the most
important deposition form to forested land cover which dominates in the Adirondacks,
although GOM and PBM are important atmospheric Hg forms depositing to water
surfaces (Miller et al., 2005). (3) GEM exhibits high concentration, but low dry deposition
velocity. Thus, GEM dry deposition is dominated by its concentration. However, GEM is
relatively homogeneous and deposition velocity strongly depends on land cover. Thus, the
spatial variation of GEM dry deposition is mainly determined by deposition velocity
(Zhang et al., 2012b). (4) The HF is located near the geographic center of the Adirondacks
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at mid elevation and is characterized as largely northern hardwood that is a good
representation of the Park. Despite these conditions my analysis is limited by a lack of
measured concentrations of Hg forms at various LUCs and elevations across the Park.
The Statistic Analysis System software (SAS 9.2, SAS Institute Inc., Cary, NC)
was used to perform the statistical analysis. SAS PROC MEANS was used to calculate the
descriptive statistics, SAS PROC CORR was used to analyze the correlations, and PROC
GLM with Tukey’s method was used for multiple comparisons. The spatial patterns of
atmospheric Hg deposition was analyzed and mapped using Geographical Information
System software (ESRI ArcGIS 9.3).

3.2.3 General Modeling Scheme
Forests, as the largest component of the landscape in the Adirondacks, play an
important role in mediating atmospheric Hg deposition. Forested canopies can
substantially enhance atmospheric Hg deposition by providing a large surface for the
direct deposition of PBM (Kolka et al., 1999) through the adsorption and absorption of
GOM to the stomata and cuticle (Grigal, 2002); by the direct uptake of GEM which is
controlled by the stomatal and mesophyll resistances (Gustin, 2012; Zhang et al., 2009);
and by facilitating the oxidation of GEM to GOM (Munthe et al., 1995). Therefore, the
Adirondack Park was divided into forested and non-forested land categories, and the
atmospheric Hg deposition fluxes were estimated using a numerical modeling method (for
dry deposition) and experimental data (litterfall, throughfall, precipitation) separately
(Figure 3.3). The evasion of GEM from land surfaces was mapped using a synthesis of
experimental data (Denkenberger et al., 2011). The net total atmospheric Hg deposition
was thus calculated as the total estimated Hg deposition minus land surface GEM evasion.
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Figure 3.3: Atmospheric Hg deposition modeling scheme used in my study. Wet Hg
deposition is considered as precipitation Hg deposition, while dry Hg deposition is
considered as the sum of modeled dry deposition to the non-forested areas and deciduous forest in the leaf-off period, and litterfall and net throughfall (throughfall minus
precipitation deposition) Hg deposition to the coniferous forest and deciduous forest in
the leaf-on period.

3.2.3.1 Wet Hg Deposition
Wet Hg deposition was estimated as the product of volume-weighted Hg
concentration in precipitation obtained from the MDN and precipitation quantity
estimated by PRISM (Parameter-elevation Regressions on Independent Slopes Model;
Daly et al., 1997), which spatially depicts precipitation data by considering climatic
parameters (temperature, snowfall, growing degree-days, and weather generator
parameters) and topographic information from the digital elevation model (DEM). The
data on precipitation Hg concentration and PRISM precipitation quantity from 2009-2011
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were averaged, and interpolated using the inverse distance weighted method in ArcGIS
software.

3.2.3.2 Dry Hg Deposition
Dry Hg deposition was estimated as the sum of modeled atmospheric dry Hg
deposition in the non-forested and deciduous forests during the leaf-off season, and
litterfall and net throughfall Hg deposition in the coniferous forests and deciduous forests
during the leaf-on period (Figure 3.3).

3.2.3.2.1 Dry Deposition
Dry Hg deposition flux (denoted as F, unit: µg m −2 yr−1 ) was calculated as the
product of ambient atmospheric concentration (C, unit: ng m −3 for GEM, and pg m−3 for
GOM and PBM) and dry deposition velocity (V d , cm s−1 ) using the Big Leaf model
(Hicks et al., 1987):
Fi = Ci ×Vd,i

(3.1)

Gaseous dry deposition velocities for GEM and GOM were calculated using the multiple
resistances model (MRM) developed by Wesley and Hicks (2000). This model considers
that Hg exchange between the atmosphere and natural surfaces is controlled by a series of
resistances which are influenced by meteorological, chemical, physical, and biological
conditions. The equation used to calculate dry deposition velocity is expressed as (Hicks
et al., 1987):
Vd = 1/(Ra + Rb + Rc )

(3.2)

where Ra is the aerodynamic resistance, Rb is the quasi-laminar sub-layer resistance
(which is dependent on the form of Hg), and Rc is the canopy resistance (Zhang et al.,
2003). For the deposition to forests, Rc is associated with stomatal resistance (Rst ), and
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non-stomatal resistance which includes in-canopy aerodynamic resistance (R ac ), soil
resistance (Rg ), and cuticle resistance (Rcut ) (Zhang et al., 2003). The LUCs (Zhang et al.,
2002) were selected to correspond with land cover types from the National Land Cover
Data (NLCD; Fry et al., 2009). Specifically, LUC #3 from Zhang et al. (2002) was
considered as open water (grid code #11), LUC #21 as the developed lands (grid code #
21-24, 31), LUC #7 as deciduous forest (grid code #41), LUC #4 as evergreen forest (grid
code #42), LUC #25 as mixed forest (grid code #43), and LUC #23 as wetlands (grid code
#52, 71, 81, 82, 90, 95). The cuticle and soil resistances used to calculate R c for GEM and
GOM were scaled based on estimates for SO2 and O3 , respectively, by:

α(i)
β(i)
1
=
+
Rx (i) Rx (SO2 ) Rx (O3 )

(3.3)

Values for the two scaling factors α and β were adopted from Zhang et al. (2012a) (GEM:

α =0,β =0.2; GOM: α =10,β =10). Moreover, the influence of different values of the
scaling factors on atmospheric Hg deposition fluxes were evaluated in this study.
PBM dry deposition velocity was calculated based on Zhang et al. (2001) and
expressed as:
Vd = Vg + 1/(Ra + Rs )

(3.4)

Where Vg is the settling velocity resulting from gravity and R s is the surface resistance.
Miller et al. (1993) studied the relationships between meteorological conditions
and elevation (range: 525-1483 m) at Whiteface Mountain in the Adirondacks. They
proposed that the temperature changes by 0.000697 ◦ C m−1 , while wind speed follows a
logistic model that increases with elevation. Using this model my analysis showed wind
speed decreased less than 25% when the elevation decreased from 500 m to 30 m. This
approach was adopted to adjust the meteorological conditions when calculating V d s at
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various elevations across the Park.

3.2.3.2.2 Litterfall Hg Deposition
Studies suggest that Hg translocation from soils to plant canopies is a minor source
of Hg in litterfall (Bishop et al., 1998; Esteban et al., 2008). However the forest canopy is
an active zone of atmospheric Hg deposition and surface GEM re-emission. Generally, Hg
concentrations in litterfall are enriched substantially compared to newly grown foliage
(Rea et al., 1996). The deposition of litterfall is therefore regarded as the difference of
atmospheric dry Hg deposition and canopy surface GEM re-emission, but may include
some interception of GEM emitted from the soil surface below the canopy (Bushey et al.,
2008; Ericksen et al., 2003; Risch et al., 2011). The magnitude of litterfall Hg deposition
varies with tree type due to variability in leaf exposure time, ability to adsorb atmospheric
Hg, and conditions that influence the conversion between GEM and GOM above and/or
near the leaf surface (Grigal, 2002; Sheehan et al., 2006). Data from the synoptic study by
Risch et al. (2011) on litterfall Hg deposition in the eastern U.S. were used in this thesis,
with 14.7 µg m−2 yr−1 litterfall Hg deposition for deciduous forest, 9.3 µg m −2 yr−1 for
coniferous forest, and 7.0 µg m−2 yr−1 for mixed forest, respectively.

3.2.3.2.3 Throughfall Hg Deposition
Throughfall is the precipitation that passes through canopies. It exhibits enhanced
Hg concentrations due to the leaching of Hg forms from plant tissue surfaces. Rea et al.
(1996) demonstrated that the increase of Hg concentrations in throughfall was mainly due
to wash-off of dry Hg deposition. Throughfall Hg deposition is therefore regarded as the
combination of wet Hg deposition and part of the dry deposition to the forest. Demers et
al. (2007) found that throughfall quantity accounts for around 85% of total precipitation
quantity to Adirondack forests. I calculated throughfall Hg deposition from precipitation
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Hg deposition by adjusting to an enrichment factor K t (i.e., the ratio of
throughfall/precipitation Hg deposition fluxes). The enrichment factor K t varies by tree
type (Witt et al., 2009), which differ in their ability to capture, adsorb, and mobilize Hg
forms. For the deciduous forest, an enrichment factor of 1.03 was used (throughfall Hg
deposition 12.0 µg m −2 yr−1 , and precipitation Hg deposition 11.6 µg m −2 yr−1 ) found by
Choi et al. (2008) for the deciduous forest in the Adirondacks. Witt et al. (2009) found an
enrichment factor around 1.43 for coniferous forest from pristine sites across the Superior
National Forest in northern Minnesota, U.S., which was consistent with other studies on
throughfall Hg deposition for coniferous forest (Kolka et al., 1999; Munthe et al., 1995)
and was used in this study. For the mixed forest, the average of the K t values for
deciduous and coniferous forests was used, with the value of 1.23.

3.3 Results and Discussion
3.3.1 Atmospheric Hg Concentrations
The average annual concentrations of GEM, GOM, and PBM were 1.30±0.31
ng m−3 , 1.18±2.22 pg m−3 , and 3.74±4.90 pg m−3 , respectively. The original data
measured using the Tekran were used when values were below the detection limits to
avoid an overestimation of Hg deposition. Concentrations of GEM and PBM during the
leaf-off period (GEM: 1.37±0.23 ng m−3 ; PBM: 5.22±6.58 pg m−3 ) were significantly
greater than the leaf-on period (GEM: 1.24±0.35 ng m −3 ; PBM: 2.69±2.74 pg m−3 ),
while RGM concentrations were statistically greater during the leaf-on period (1.24±2.48
pg m−3 , n=594) than the leaf-off period (1.11±1.80 pg m−3 , n=418; Tukey’s method,
p<0.0001). Concentrations of all forms of atmospheric Hg showed diurnal patterns
peaking in the afternoon (around 15:00) and the lowest values occurring near midnight
(0:00; Figure 3.4). Both total atmospheric Hg concentrations and the percentages of
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reactive Hg (PBM + GOM) were significantly greater during the leaf-off period than the
leaf-on period (Tukey’s method, p<0.0001).
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Figure 3.4: Measured diurnal and seasonal atmospheric Hg concentrations (mean ±
95% confidence value) from 2009 - 2011 at the Huntington Wildlife Forest in the
Adirondack Park. GOM, gaseous oxidized Hg; PBM, particulate bound Hg; GEM,
gaseous elemental Hg. Units for GOM and PBM are pg m −3 , and for GEM is ng m−3 .

The atmospheric Hg concentrations measured in this study are similar to values
reported earlier for the HF (Choi et al., 2008), New England and elsewhere in North
America (Mao and Talbot, 2012, and references therein). These results support my
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assumption that it is reasonable to use the atmospheric Hg concentrations measured at the
HF to represent the entire Adirondacks. Meteorological conditions are likely to influence
the concentrations of atmospheric Hg by transporting Hg to and from air parcels above the
Adirondacks, as well as affecting atmospheric Hg speciation and transformations (Mao
et al., 2011). However, no significant relationship was found between wind speed and
atmospheric Hg concentrations. Higher PBM and GEM concentrations were observed
during the leaf-off period when temperature was lower (Figure 3.4), which agreed with the
slightly negative correlations found between PBM and GEM with surface temperatures on
an annual basis.

3.3.2 Dry Hg Deposition
3.3.2.1 Deposition Velocities
Vd s for GOM (average values range from 0.38-0.82 cm s−1 except for water
surface) were several fold greater than PBM (0.08-0.15 cm s−1 ), and one or two orders of
magnitude greater than GEM (0.02-0.05 cm s −1 ). Vd s for GOM and GEM were greatest
for coniferous forests, followed by urban lands, deciduous forests, wetlands, and water
surfaces, while the largest values for PBM occurred in urban areas (Figure 3.6). Vd s for
coniferous forests are greater than deciduous forests, due to the relatively high leaf area
indexes of their needle canopies. Vd s for both PBM and GEM peaked around noon
(12:00), and for GOM peaked around 8:00 (Figure 3.5), similar to patterns reported by
Zhang et al. (2012b). My modeled Vd values for GEM are consistent with the summaries
of Vd s by Zhang et al. (2009), while for PBM and GOM they are in the lower range of
their summarized data because of the relatively low wind speed in the Adirondacks. V d s
for GEM for forest LUCs were higher during the leaf-on period, then declined until the
end of the year (Figure 3.7), which may be related to the growth conditions (leaf area
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indexes, surface conditions including stomata opening and mesophyll activity) of forest
canopies as a correlation between Vd s for GEM and surface temperature (p<0.0001) was
observed. Vd s for PBM and GOM for conifers did not vary significantly throughout the
year; while values increased for hardwoods from the beginning of the year to the warm
season, then declined to the end of the year. The deposition of PBM and GOM to
deciduous forest is more likely related to the forest growth conditions, while the
deposition to coniferous forest is additionally influenced by the meteorological variations.

Figure 3.5: Diurnal patterns of atmospheric Hg deposition velocities (mean ± 95%
confidence value) for coniferous (dark green lines) and deciduous (blue lines) forest.

3.3.2.2 Deposition Fluxes
Most of the dry Hg deposition occurred during the leaf-on period (Figure 3.7).
GOM deposition increased from January to April, declined to July, increased to
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Figure 3.6: Box plots of deposition velocities (cm s −1 ) for the major land use categories
(LUCs) in the Adirondacks. The upper and lower bars represent the 5th and 95th
percentile values, respectively; the bars inside the boxes represent the median (red
bars) and mean (white bars) values.
September, then decreased to the end of the year. GEM deposition generally following the
opposite pattern as GOM deposition. The contrasting seasonal patterns of GEM and GOM
deposition were in part attributed to the conversion of GEM to GOM, changes in
meteorological and forest growth conditions, as well as by the variations of their V d
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values. The seasonal patterns of PBM and GOM deposition were similar to PBM and
GOM concentration patterns, while the seasonal patterns of V d s and fluxes for GEM were
also similar. Since F=C*Vd , the variations of GOM and PBM concentrations are higher
than their modeled Vd . Therefore, the dry deposition fluxes (F) of GOM and PBM were
largely limited by the species concentrations. However, for GEM, variations of
concentrations usually <30% (relative standard deviation), but variation of GEM V d s
usually ranges from 100 to 150% or higher. Hence, the dry deposition fluxes (F) of GEM
is mainly controlled by V d .

Figure 3.7: The cumulative and seasonal patterns of annual dry Hg deposition (left
panel; GEM left axis, GOM and PBM right axis), and annual dry Hg deposition patterns of the three forms of atmospheric Hg to water, coniferous and deciduous forests
in the Adirondacks (right panel).
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3.3.2.3 Spatial Patterns of Hg Deposition
The average total net atmospheric Hg deposition to the Adirondacks from 2009 2010 was 17.4 µg m−2 yr−1 , with a range of -3.7 to 46.0 µg m−2 yr−1 (Figure 3.8). The
total Hg deposition, dry and wet Hg deposition, and GEM evasion were 580, 370, 210 and
170 kg yr−1 , respectively for the entire Adirondack Park (2.4 million ha). Dry Hg
deposition mainly occurred as GEM deposition (97.5%), which is similar to the findings
of a recent study by Huang et al. (2012). The deciduous forest lands in the Adirondacks
received the greatest net atmospheric Hg deposition (224 kg yr −1 ; area: 1.12 million ha) ,
followed by mixed forest (70 kg yr−1 ; 0.25 million ha), coniferous forest (64 kg yr −1 ; 0.46
million ha), wetlands (46 kg yr −1 ; 0.28 million ha), water (5 kg yr −1 ; 0.15 million ha), and
urban areas (3 kg yr−1 ; 0.05 million ha).
Wet Hg deposition, which ranged from 6 to 11 µg m −2 yr−1 , did not vary
substantially throughout the Adirondacks, though it was relatively smaller to the water
surfaces in the northeast and higher in locations that coincide with higher elevations
diagonally from the southwest through the center of the Park (Figure 3.8). The spatial
pattern of both litterfall and throughfall Hg deposition were mainly governed by the
distribution of forest types, while there was large spatial variation for the modeled dry Hg
deposition (Figure 3.8). There were scattered areas in the east which had atmospheric Hg
deposition greater than 30 µg m−2 yr−1 , while the southwestern and the northern areas
received relatively high Hg deposition ranging from 25 to 30 µg m −2 yr−1 . The spatial
patterns of atmospheric Hg deposition were similar to the distribution of land cover types,
especially forests, in the Adirondacks.
The net throughfall Hg deposition (throughfall minus precipitation Hg deposition)
was small compared to litterfall deposition (Figure 3.9) for the deciduous forest (Demers
et al., 2007). Note that field observations likely underestimate true dry Hg deposition (the
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Figure 3.8: Spatial distribution patterns of atmospheric Hg deposition to the Adirondack Park, including: a) wet deposition, b) litterfall deposition (LF), c) surface GEM
evasion, d) throughfall deposition (TF); e) the sum of LF and net TF (TF - wet deposition), f) the modeled dry deposition (sum of GEM, GOM and PBM deposition), and g)
the total net Hg deposition (wet + dry - evasion). Unit: µg m −2 yr−1

dry deposition of all forms of atmospheric Hg, including those below the detection limit
and not measured) as there are likely re-emissions of Hg deposited to the canopy and stem
flow which is not quantified by net throughfall plus litterfall Hg data.
The modeled dry deposition to the forest, especially the coniferous forest, was
much greater than experimental observations (Figure 3.9). The coniferous forest received
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higher dry Hg deposition than deciduous forest. However, the net total Hg deposition
estimated for the coniferous forest (12.6 µg m −2 yr−1 ) was lower than the deciduous forest
(20.0 µg m−2 yr−1 ), which agrees with field results which found lower litterfall Hg
deposition in the coniferous forest (Risch et al., 2011). This apparent disparity between
dry deposition and net Hg deposition can be explained by the fact that Hg concentrations
in the deciduous foliage and litterfall mass are greater than for conifers (Bushey et al.,
2008).

3.3.3 Model Evaluation
3.3.3.1 Multiple Resistances Analysis
The three serial resistances (Ra , Rb , and Rc ) considered in calculating dry Hg
deposition velocity were equally important in the calculation of V d s of GOM for the forest
LUCs, while Rc was the dominant component of V d s for GEM (Figure 3.10). The GEM
deposition velocity is largely controlled by processes on the leaf surfaces. Examination of
the components contributing to R c from stomatal resistance (Rst ), ground resistance (Rg ),
and cuticle resistance (Rcut ), showed quite different patterns for coniferous and deciduous
forests (Figure 3.11). Cuticle resistance was equally important throughout the entire year
for coniferous forest, while it was more important during the leaf-on period than the
leaf-off period for the deciduous forest. The ground resistance was as important as cuticle
resistance for the coniferous and deciduous forest during the leaf-on period, while it was
much more important than cuticle resistance for the deciduous forest during the leaf-off
period.
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Figure 3.9: a): Relationships of modeled Hg dry deposition fluxes with elevation (GEM
left axis, GOM and PBM right axis). The logistic equations used are shown in Table
3.1. b): The effect of the scaling factor (β ) on the modeled dry Hg deposition, and
the comparisons with field data (solid lines: modeled dry deposition; while the dotted,
dashed, and dash-dotted lines: the field data of litterfall Hg deposition and the sum
of litterfall (LF) and net throughfall (TF) Hg deposition, respectively). Note that the
net throughfall Hg for deciduous forest is small, with the values for LF Hg deposition
and the sum of LF and TF Hg deposition as 14.7 µg m −2 yr−1 and 14.9 µg m−2 yr−1 ,
respectively. In this study, I used a β value of 0.1, and the corresponding modeled dry
Hg deposition to coniferous (dark green triangle symbol) and deciduous (blue triangle
symbol) forests were: 17.5 µg m −2 yr−1 and 12.4 µg m−2 yr−1 , respectively. The blue
circle that nearly supersedes the dark green triangle represents the modeled net dry Hg
deposition to deciduous forest (17.9 µg m −2 yr−1 ).

3.3.3.2 Dry Deposition Evaluation
The calculated dry Hg deposition fluxes followed a similar logistic pattern as wind
speed with elevation (Figure 3.9; model equations in Table 3.1), which confirmed that
wind speed is the dominant parameter driving dry Hg deposition velocities. The estimates
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Table 3.1: Modeled logistic equations of atmospheric Hg deposition flux (y,
µg m−2 yr−1 ) as a function of elevation (x, m) for each land use categories
Species

GEM

GOM

PBM

No.

Name

Equation (y: µg m−2 yr−1 ; x: m)

LUC 3

Water

y=1.89+0.21/(1+exp(-(x-730)/236))

LUC 4

Coniferous forest

y=13.98+23.94/(1+exp(-(x-1002)/262))

LUC 7

Deciduous forest

y=9.52+15.64/(1+exp(-(x-950)/272))

LUC 3

Water

y=1.89+0.21/(1+exp(-(x-730)/236))

LUC 4

Coniferous forest

y=13.98+23.94/(1+exp(-(x-1002)/262))

LUC 7

Deciduous forest

y=9.52+15.64/(1+exp(-(x-950)/272))

LUC 21

Urban

y=8.89+5.16/(1+exp(-(x-1098)/282))

LUC 23

Wetland

y=10.50+7.00/(1+exp(-(x-857)/233))

LUC 25

Mixed forest

y=13.85+22.15/(1+exp(-(x-992)/262))

LUC 3

Water

y=0.007+0.52/(1+exp(-(x-1275)/235))

LUC 4

Coniferous forest

y=0.18+1.23/(1+exp(-(x-1061)/243))

LUC 7

Deciduous forest

y=0.14+1.01/(1+exp(-(x-1122)/245))

LUC 21

Urban

y=0.16+1.04/(1+exp(-(x+1039)/248))

LUC 23

Wetland

y=0.076+0.84/(1+exp(-(x-1140)/260))

LUC 25

Mixed forest

y=0.16+1.14/(1+exp(-(x-1092)/245))

LUC 3

Water

y=0.013+0.54/(1+exp(-(x-1306)/240))

LUC 4

Coniferous forest

y=0.084+1.37/(1+exp(-(x-1225)/257))

LUC 7

Deciduous forest

y=0.07+1.13/(1+exp(-(x-1227)/253))

LUC 21

Urban

y=0.088+1.40/(1+exp(-(x-1215)/256))

LUC 23

Wetland

y=0.052+0.88/(1+exp(-(x-1248)/256))

LUC 25

Mixed forest

y=0.078+1.2/(1+exp(-(x-1224)/254))

Deciduous forest in the leaf-off period
GEM

y=5.05/(1+exp(-(x-500)/419)

GOM

y=0.046+0.37/(1+exp(-(x-1148)/263))

PBM

y=0.036+0.67/(1+exp(-(x-1228)/257))

of Hg deposition increased from several fold to an order of magnitude from the lowest to
the highest elevation across the Adirondacks. The fraction of GOM and PBM to the total
dry Hg deposition also increased with increases in elevation.
The most difficult and problematic aspect of estimating atmospheric Hg deposition
is quantifying the contribution of GEM deposition to the total Hg deposition. Recent
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Figure 3.10: The contribution patterns of the serial resistances (R a , Rb , Rc ; average
values) in calculating atmospheric Hg deposition velocities to coniferous forest, deciduous forests and water.

modeling studies have addressed the importance of GEM deposition, especially to forest
canopies (Miller et al., 2005; Zhang et al., 2012a). However, understanding of
atmospheric Hg deposition to canopies is limited. My current method to calculate V d s for
Hg deposition is based upon scaling to a well-studied modeling method used for SO 2 (α ),
and O3 (β ). I conducted a sensitivity analysis of β values for GEM to examine the relative
contribution of GEM deposition to the total atmospheric Hg deposition. The results
showed that GEM deposition was positively correlated with β values (Figure 3.9b). The
sensitivity analysis of the scaling factors has important implications in guiding future
modeling studies in selecting optimum scaling factors based on field measured dry
deposition data.
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Figure 3.11: The annual contribution patterns of the components in calculating the
canopy resistance (Rc ) of atmospheric Hg deposition velocities to coniferous (plot a)
and deciduous forest (plot b).

3.3.3.3 Leaf-on vs. Leaf-off Periods
One of the main considerations of the modeling scheme used in this study is the
separation of the leaf-on and leaf-off periods for the deciduous forest, and the use of
litterfall and throughfall Hg deposition data from the literature instead of the modeled dry
deposition. My modeled PBM and GOM deposition values were greater during the
leaf-off period, while GEM deposition was greater in the leaf-on period. The modeled dry
Hg deposition during the leaf-on period for the deciduous forest was 8.9 µg m −2 yr−1 at
30 m elevation, 9.6 µg m −2 yr−1 at 500 m, and 19.4 µg m−2 yr−1 at 1,630 m, which follow
the range of the litterfall deposition values reported by Risch et al. (2011) 14.7
µg m−2 yr−1 , and Bushey et al. (2008) (for the HF, 16.4-17.9 µg m−2 yr−1 ).
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3.3.3.4 Model Intercomparison
The estimates of atmospheric Hg deposition were compared with the results from
Miller et al. (2005), CMAQ-2005 (2012a) and Zhang et al. (2012b) for the Adirondacks.
Miller et al. (2005) estimated the total Hg deposition as the sum of precipitation Hg
deposition, GEM assimilation by vegetation, dry deposition of GOM and PBM, and
cloud-droplet interception, with the resulting deposition flux of 25.7 (range: 1.3-37.6)
µg m−2 yr−1 and total Hg deposition of 610 kg yr −1 for the Adirondack Park. My modeled
Hg deposition (mean 17.4 µg m −2 yr−1 ) is lower than values estimated by Miller et al.
(2005), which is probably due to the different methods used in estimating GEM dry
deposition. Miller et al. (2005) used foliage Hg accumulation and leaf litterfall rate to
estimate GEM dry deposition, which may not be able to reflect the diurnal patterns of
GEM deposition fluxes and the elevational effect.The spatial distribution patterns of the
atmospheric Hg deposition in my study and Miller et al. (2005) were similar with higher
deposition in the southwestern and some areas in the northeastern of the Adirondack Park.
CMAQ-2005 (2012a) estimated total Hg deposition as the sum of modeled wet
and dry Hg deposition. The atmospheric Hg concentrations used were estimated from
GEM emission inventories and their subsequent dispersion, transport and reactions. Dry
deposition was estimated using similar methods (the Big Leaf Model and Multiple
Resistances Model) with this study. The modeled Hg deposition by CMAQ-2005 for the
Adirondacks was 27.0 (range: 6.7-51.7) µg m −2 yr−1 , with a total amount of 640 kg yr −1
for the Adirondacks. The estimated dry deposition of GEM modeled by CMAQ-2005
(2012a), which was not considered in the previous version (Bullock, 2002), was similar to
my results. However, the dry deposition of GOM modeled by CMAQ-2005 (2012a) was
equally important with GEM, which resulted in a higher estimation of total Hg deposition
than I observed. Note that the measurements of GOM and PBM concentrations by the
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Tekran instrumentation might be lower than actual values (according to Swartzendruber
et al., 2009, 41% of the actual GOM concentrations). As a result, GOM dry deposition
might be higher than my estimates (based on Swartzendruber et al., 2009, possibly two
times higher), although this again appears to be a small fraction (3%) of the total Hg
deposition. On the other hand, CMAQ may overestimate the deposition of reactive Hg
(GOM + PBM) due to potential errors in Hg emission inventories and speciation as well
as the impacts of in-plume Hg reduction (Holloway et al., 2012).
Zhang et al. (2012b) used a method similar to this study to estimate dry Hg
deposition to 19 monitoring locations in Eastern and Central North America. The results
of dry deposition of the three forms of atmospheric Hg were similar to my study. Both
studies emphasized the importance of GEM to the total dry Hg deposition. The
differences between the two studies are: (1) my study focused on the total Hg deposition
to the Adirondacks, while Zhang et al. (2012b) investigated dry Hg deposition to sites
where atmospheric Hg concentrations were monitored in North America; (2) my study
considered elevation effects in calculating atmospheric Hg deposition due to the complex
topography of the Adirondacks; and (3) I used experimental data (litterfall and throughfall
deposition to forests when leaves are on) whenever possible, while Zhang et al. (2012b)
suggested that litterfall Hg primarily originated from GEM. However, neither study was
adequate to fully understand the mechanisms of dry Hg deposition which is critical in
estimating atmospheric Hg (particularly GEM) deposition.
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Chapter 4
Spatial Patterns of Soil Hg Accumulation

4.1 Objective and Hypothesis
Mercury contamination in the northeastern U. S. is a significant issue due to its
toxicity and elevated concentrations of MeHg in fish and wildlife (Evers et al., 2007). In
this phase of my study, the main objective is to characterize soil Hg concentrations and
pools in northeastern U.S. and examine the relationship of soil Hg concentrations and
pools with atmospheric Hg deposition. For this objective, I have two hypotheses: (1)
concentrations and pools of soil Hg are positively correlated with the net Hg deposition to
the land surface; and (2) soil organic carbon and nitrogen are important regulators of the
spatial patterns and pools of soil Hg.

4.2 Materials and Methods
4.2.1 Study Sites
During the summer of 2001 or 2002 soils were collected from 139 sites within the
watersheds of the Direct/Delayed Response Program (DDRP; Figure 4.1), which was
initially designed to quantify the acid-base chemistry of surface waters in the northeastern
U.S. (Lee et al., 1989). The DDRP study watersheds have been well characterized for
landscape and soil physicochemical properties (Church et al., 1989; Warby et al., 2005,
2009). The sampling sites are clustered into five sub-regions according to geographic
proximity: Adirondacks (ADR), Catskills/Poconos (CATPOC), Central New England
(CNE), Maine, and Southern New England (SNE). The number of sites sampled and the
biophysical characteristics of the sub-regions are summarized in Tables 4.1 and 4.2. The
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study region is largely covered by forest (Table 4.2), with the major deciduous forest
classes of maple-beech-birch (26.7%), and oak-hickory (22.9%), coniferous forest of
white-red-jack pine (13.9%) and spruce-fir (11.8%), and mixed forest of oak-pine (3.6%).

Figure 4.1: Locations of the soil sampling sites across the northeastern United States,
which are divided into five sub-regions by geographic proximity, i.e. Adirondacks
(ADR), Catskills/Poconos (CATPOC), Central New England (CNE), Maine, and
Southern New England (SNE). The same symbols were used to represent various subregions for all figures in this research.

4.2.2 Soil Sample Collection and Analysis
One soil pit was excavated in each of the DDRP watersheds. Soil horizons were
designated following U.S. Soil Survey Conventions (Arnold and Eswaran, 1993), where
four master horizons were used, i.e. O, E, B and C horizons. O horizons are layers
dominated by organic materials, which include the slightly decomposed Oi, moderately
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Table 4.1: Number of soil samples collected for each soil horizon in the five subregions. Note for some sites, all soil horizons did not occur in the pit excavated.
Oie

Oa

E

BS1

BS1

BS1

C

Total pits

Adirondacks

31

23

23

27

27

20

19

34

Catskills/Poconos

17

13

6

18

18

12

8

21

Central New England

35

21

18

31

32

26

20

34

Maine

20

0

14

23

19

13

5

27

Southern New England

18

8

7

20

20

14

3

23

Table 4.2: Characteristics of the sub-regions where soil samples were collected. The
pHs is referred to pH of the extract soil sample solution, where mean values of the soil
samples in each sub-region were reported here. Forest percentage refers to the forest
coverage in each watershed where soil samples were excavated.
Sub-region

pHs

Precip

Area

Elev

Forest

Temp, ◦ C

(mm)

(10 6 ha)

(m)

%

min-max

Adirondacks

3.9

1290

2.5

560

96%

-0.8 - 11.3

Catskills/Poconos

3.8

1298

5.2

409

79%

2.3 - 13.9

Central New England

3.7

1300

4.8

266

91%

-0.3 - 11.6

Maine

3.3

1273

6.6

149

90%

-1.0 - 10.5

Southern New England

3.6

1313

2

57

76%

4.4 - 14.9

decomposed Oe, and highly decomposed Oa horizons. The Oi and Oe horizons were
grouped as a single Oie horizon for sampling purposes. The E horizon is the mineral
horizon often found below the O horizons, characterized by the eluviation of silicate clay,
iron, aluminum, or a combination of these. The B horizons, which were broadly
delineated as BS1 , BS2 and BS3 in this study, are layers which may contain concentrations
of clay or organic material due to illuviation. The C horizons are layers that are little
affected by soil forming processes, and often glacial till in the northeastern U.S. From
each excavated pit, samples were collected from these 7 horizons if present, with the
number of horizons sampled in each sub-region shown in Table 4.1. Soil horizons were
determined using soil color, structure and C contents. In each pit, samples were collected
to all horizons thicker than 3 cm down to bedrock or to 1.5 m. After collection, all the soil
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samples were air-dried, double-bagged and stored in plastic freezer bags, then sent to
Syracuse University for analysis. Further details regarding the criteria for soil pit location
and method of excavation can be found in Warby et al. (2009).
Total Hg concentrations were determined for all horizons using a Milestone
DMA-80 Direct Mercury Analyzer (Milestone, Microwave Laboratory Systems, Shelton,
CT), thermal decomposition, amalgamation/atomic absorption spectrophotometer
(TDA/AAS) based on U.S. Environmental Protection Agency (EPA) Method 7473. Total
organic carbon content (OC%) and total nitrogen content (N%) were determined on
samples from all horizons, and total sulfur content (S%) on samples from organic
horizons, using a Costech ECS 4010 CHNSO analyzer. Quality assurance and quality
control procedures (QA/QC) for all chemical analysis can be found in Appendix 1.

4.2.3 Data Sources and Analysis
The statistical analyses were carried out using the Statistic Analysis System (SAS
9.2, SAS Institute Inc., Cary, NC) software. I analyzed correlations using SAS PROC
CORR. I used analysis of variance (SAS PROC GLM) and Tukey’s multiple comparisons
method to compare variables in different soil horizons.
Geographical Information System (ESRI ArcGIS 9.3) was used to conduct the
spatial modeling of atmospheric Hg deposition and surface GEM evasion. I used the
inverse distance weighted (IDW) method to interpolate data in GIS. The forest cover type
dataset was obtained from the U. S. Geological Survey (U.S. Geological Survey, 2011)
and the land cover dataset was obtained from the National Land Cover Dataset for 2001
(NLCD) (Fry et al., 2009). Precipitation and temperature data were obtained from PRISM
, and precipitation Hg concentration data were obtained from the National Atmospheric
Deposition Program Mercury Deposition Network (NADP MDN, 2011).
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4.2.4 Spatial Deposition Estimation
Total atmospheric Hg deposition was estimated to be the sum of wet and dry
deposition. Since there were no many atmospheric Hg concentrations, litterfall and
throughfall Hg deposition data available in the northeastern U.S., I used a different
scheme to estimate dry Hg deposition. I divided the northeastern U.S. into forested and
non-forested land areas, and then estimated the deposition to these areas separately. Wet
deposition was estimated from precipitation Hg deposition. Dry deposition was estimated
as: dry deposition of ionic Hg (pathway of gaseous Hg 2+ and particulate bound Hg)
obtained from CAMQ-Hg output (U.S. EPA, Community Multiscale Air Quality) in the
non-forested areas, and net throughfall Hg deposition (throughfall deposition minus wet
deposition) and litterfall Hg deposition (pathway of GEM) in the forested areas. The net
atmospheric Hg flux was calculated as the estimated atmospheric Hg deposition minus
surface GEM evasion.
Wet Hg deposition was estimated by multiplying precipitation Hg concentration
by the quantity of precipitation. I used average data from 2001 - 2008 since
MDN-measured precipitation Hg concentrations showed a declining trend in recent years
in the northeastern U.S. (Butler et al., 2008). Then I interpolated the Hg concentration and
quantity data of precipitation over the U.S., and extracted the northeastern U.S. region.
Mercury concentrations in throughfall are often enriched substantially relative to
precipitation (Rea et al., 1996), while the quantity of throughfall is less than precipitation
(85% of precipitation in the Adirondacks, Demers et al. 2007). I used the same method in
Chapter 3 to estimate throughfall Hg deposition as the product of precipitation Hg
deposition and an enrichment factor Kt .
Litterfall Hg deposition was considered as a pathway of atmospheric dry
deposition of GEM in forested land use areas (Driscoll et al., 2007b; Mosbaek et al.,
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1988). The data from a systematic study by Risch et al. (2011) on litterfall Hg deposition
in the eastern U.S. were used in this research, with 11.6 µg m −2 yr−1 litterfall Hg
deposition for maple-beech-birch, 15.2 µg m −2 yr−1 oak-hickory, 7.7 µg m−2 yr−1
white-red-jack pine, 7.0 µg m−2 yr−1 spruce-fir, and 9.3 µg m−2 yr−1 oak-pine,
respectively.
Similarly, surface GEM evasion was estimated from a synthesis of data from the
literature (Denkenberger et al., 2011) for each land use category in eastern North America,
with estimated GEM evasion fluxes of 7.0 µg m −2 yr−1 for forests, 21.0 µg m−2 yr−1 for
agriculture lands, 17.5 µg m−2 yr−1 for grasslands, 20.1 µg m−2 yr−1 for urban lands, 4.6
µg m−2 yr−1 for wetlands, and 7.8 µg m−2 yr−1 for lakes, respectively.

4.2.5 Soil Hg Pool Estimation
Estimating the pools of Hg in terrestrial soils is important to quantify Hg cycling
and fate in the environment. However, the natural complexity of soil structures (Howard
and Howard, 1989) and the variations of Hg concentrations in soil profiles make it difficult
to quantify the mass of Hg in the soils. I thought it is more meaningful to calculate the Hg
pool by subtracting the background soil Hg concentrations in order to examine Hg
accumulation in soils.
Due to low concentrations of Hg in the E and C horizon, Hg in the E and C
horizons were not included to the total soil Hg pool. The concentrations of Hg in the
coarse fragments (>2 mm) were also considered to be the background Hg concentrations,
although this may underestimate Hg pool in the organic horizons. Hence, the soil Hg pool
was estimated as the product of soil Hg concentrations and the fine soil mass, while the
soil mass was calculated as the product of horizon thickness and soil bulk density (De Vos
et al., 2005; Federer et al., 1992; Huntington et al., 1989). I used the relationships
developed by Huntington et al. (1989) to calculate soil Hg pool, which was a study in New
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Hampshire and included soils down to the C horizon (OC% >5%). The functions are:
Pi = Ci ∗ Bi ∗ Ti ∗ (1 − Fi )

(4.1)

ln(Bi ) = 0.263 − 0.147ln(OC%)i − 0.103ln2(OC%)i

(4.2)

where Pi is the soil Hg pool (mg m −2 ), Ci is the soil Hg concentration (ng g −1 ), Bi is the
bulk density of the fine earth (< 2mm; Mg m −3 ), Ti is the horizon thickness (cm), Fi is the
fraction of coarse fragment by volume (%), OC% is the soil organic carbon concentration
(%), and i is the specific horizon.

4.3 Results
4.3.1 Atmospheric Deposition and Surface Evasion
My estimates suggest that the fluxes of dry Hg deposition (mean: 16.7
µg m−2 yr−1 ; range: 1.9 to 68.7 µg m−2 yr−1 were greater than wet Hg deposition (9.8
µg m−2 yr−1 ; 3.5 to 19.2 µg m−2 yr−1 ) in 92% of the total area of the northeastern U.S.
that includes the DDRP sub-regions (Figure 4.2). Both dry and wet deposition were
highest in the CATPOC and the ADR sub-regions (p<0.0001), and values decreased with
increasing latitude and decreasing longitude. All five sub-regions showed positive net
atmospheric Hg deposition (i.e., atmospheric deposition exceeded evasion). Mean values
of net atmospheric Hg deposition were CATPOC 17.2 µg m −2 yr−1 , ADR 16.5
µg m−2 yr−1 , CNE 14.0 µg m−2 yr−1 , SNE 11.6 µg m−2 yr−1 , and Maine 9.3 µg m−2 yr−1 ,
respectively (Figure 4.3a). The total atmospheric Hg deposition to the land area of five
sub-regions in the northeastern U.S. (21 million ha) was estimated to be 4,530 kg yr −1
(mean flux: 21.9 µg m−2 yr−1 ; wet deposition: 1,440 kg yr −1 ; dry deposition: 3,090 kg
yr−1 ), while total GEM evasion was estimated as 1,740 kg yr −1 (8.2 µg m−2 yr−1 ).

43

Figure 4.2: Estimated atmospheric Hg deposition and surface GEM evasion in the
northeastern United States, unit: µg m −2 yr−1 . Wet deposition (plot a) was estimated
as precipitation Hg deposition. Dry deposition (plot b) was estimated as: dry deposition of reactive gaseous Hg (pathway of GOM and PBM) obtained from CAMQ-Hg
output (U.S. EPA, Community Multiscale Air Quality) in the non-forested areas, and
net throughfall deposition (throughfall deposition minus wet deposition) and litterfall
deposition (pathway of GEM) in the forested areas. Total Hg deposition (plot d) was
estimated as the sum of wet and dry deposition minus GEM evasion (plot c).

4.3.2 Soil Chemical Characteristics
The soil types in the study region of the northeastern U.S. are varied, but are
generally derived from glacial till. Both organic horizons (Oie and Oa) were acidic, with
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Figure 4.3: a): Bi-directional fluxes of Hg (atmospheric Hg wet and dry deposition and
surface GEM evasion); b) soil Hg pools and the fraction of total Hg pool in the organic
horizons in the five sub-regions of the northeastern U.S. The different symbols in panel
b represent various soil horizons, where above the x axis are Oie and Oa horizons, and
below are E, BS1 , BS2 , BS3 and C horizons, respectively.

average pH values (pHS ) of 3.7 in the Oie and 3.2 in the Oa horizon. Soils in SNE had
lower concentrations of organic carbon (OC), as they were sandy compared to soils in
other sub-regions. Both OC (%) and nitrogen (N) (%) concentrations decreased with
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increasing soil depth. The average soil OC concentrations (mean ± stdev) in the five
sub-regions were: Oie 398±117 mg g −1 , Oa 253±140 mg g−1 , E 18±13 mg g−1 , BS1
36±22 mg g−1 , BS2 19±1.6 mg g−1 , BS3 12±15 mg g−1 , and C horizon 5±4 mg g−1 ,
respectively. In general, soil OC mass concentrations were approximately 20 times greater
than N concentrations in each horizon. The average sulfur (S) concentrations in the Oie
and Oa horizons were 1.8±1.2 mg g−1 and 1.1±0.6 mg g−1 , respectively. Concentrations
of soil OC, N, and S were significantly correlated (OC vs N: r=0.97; OC vs S: r=0.77; and
N vs S: r = 0.81; All p-values are <0.0001), suggesting that S in the soils is primarily
organic.

4.3.3 Soil Hg Concentrations
Soil Hg concentrations varied considerably from site to site in the northeastern
U.S. Soil Hg concentrations in the ADR and CATPOC sub-regions were found to be
significantly higher than in the other sub-regions (p=0.002; Figure 4.4a). Mercury
concentrations decreased with increasing soil depth, with higher concentrations in the
organic horizons (Oie: mean ± stdev: 182±65 ng g −1 , range: 42-423 ng g−1 ; Oa:
218±100 ng g−1 , 57-463 ng g−1 ), and lower concentrations in the mineral horizons (E:
19±16 ng g−1 , 0.67-84 ng g−1 ; BS1 : 81±44 ng g−1 , 4.1-238 ng g−1 ; BS2 : 65±39 ng g−1 ,
3.5-278 ng g−1 ; BS3 : 44±30 ng g−1 , 2.7-182 ng g−1 ; and C:23±16 ng g−1 , 1.6-94 ng
g−1 ). Mercury concentrations were higher and more variable in the organic horizons than
in the mineral horizons. Among the 65 sites across the five sub-regions where both
organic horizons were sampled, 39 (61%) of the sampling sites had greater Hg
concentrations in the Oa than in the Oie horizons. Contrary to other sub-regions, Hg
concentrations in the Oie horizons were greater than in the Oa horizons at all 5 sampling
sites in the SNE sub-region where both horizons were sampled (Figure 4.4a).
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Figure 4.4: Plot a): Relationships of Hg concentrations and organic carbon concentrations in the mineral horizons (short dash), r=0.75, p<0.0001, and in all horizons (dotted
line), r=0.88, p<0.0001; plot b): relationships of soil Hg pools with carbon concentrations in the organic horizons (dotted line), r=0.52, p=0.1, and in the mineral horizons
(short dash lines), r=0.36, p=0.07; plot c): relationship of Hg/OC and OC/N ratios in
soil profile, the modeled function was y = 7.12ln(x) − 1.28, r=0.77, p<0.0001. The
different symbols represent different sub-regions.

4.3.4 Soil Hg Pools
The thicknesses of the soil horizons differed among various sites, with shallower
organic horizons in SNE than the other sub-regions. The general soil thicknesses (mean ±
stdev) in the five sub-regions were Oie horizon 5.7±4.0 cm, Oa: 3.8±3.9 cm, E: 5.1±5.6
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cm, BS1 : 14.0±8.8 cm, BS2 : 21.1±11.1 cm, BS3 : 25.3±15.0 cm, and C: 18.2±12.5 cm,
respectively. The fractions of the coarse fragments ranged from 2-5% in the organic
horizons, and around 20% in the mineral horizons, and they were much higher in
CAPTOC sub-region (organic horizon: 13%; and mineral: 27% in average). The bulk
densities were lower in the organic horizons (Oie 0.21±0.11 Mg m −3 , Oa 0.33±0.17 Mg
m−3 ) than in the mineral horizons (BS1 0.69±0.06 Mg m−3 , BS2 0.72±0.06 Mg m−3 , and
BS3 0.72±0.06 Mg m−3 ). The total pool of soil Hg showed no significant differences
among the sub-regions with an average value of 21.3 mg m −2 , with the exception of SNE,
which was substantially lower than the other sub-regions (9.6 mg m −2 ; Figure 4.3b). Note
that the estimation of Hg pool in the mineral horizons in SNE is somewhat uncertain due
to the limited sampling size in this sub-region. The fraction of the total Hg pool occurring
in the organic horizons had a mean of 21%, and ranged from 12% (Maine) to 33% (SNE).

4.3.5 Correlation Analysis
In surface organic soils, I found strong correlations between Hg concentrations
and S concentrations in both Oie (r=0.55, p<0.0001) and Oa (r=0.69, p<0.0001)
horizons. I found Hg concentrations were correlated with soil OC concentrations in all
horizons (Figure 4.4a). The relationship between Hg and OC concentrations was stronger
in the mineral horizons (r=0.75, p<0.0001) than in the organic horizons (r=0.37,
p<0.0001). I also examined the relationship between the ratios of Hg/OC and OC/N to
explore the effect of litterfall decomposition on soil Hg concentrations, as suggested by
Obrist et al. (2011) (Figure 4.4c). The ratios of Hg/OC were greater in the mineral
horizons than in the organic horizons. I observed that the Hg/OC ratio decreased with
increasing ratios of OC/N and increased with increasing soil depth (Figure 4.5c).
The relationship of soil Hg concentrations with SOM has been used to estimate
"background" or native soil Hg concentrations (Hissler and Probst, 2006). I estimated the
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background soil Hg concentration as the intercept of the relationship between soil Hg
concentrations and OC concentrations. The average background Hg concentration
estimated for the five sub-regions across the northeastern U.S. was 20 ng g −1 (Figure
4.4a).
Mercury concentrations in surface organic horizons were found to be related to site
elevation (r=0.37, p=0.002) and longitude (r=0.32, p=0.0005). However, I did not find a
significant relationship between soil Hg concentrations or pools and current net
atmospheric Hg deposition.

4.4 Discussion
4.4.1 Factors Influence the Spatial Patterns
4.4.1.1 Atmospheric Hg Deposition
The results from my spatial model of atmospheric Hg deposition are comparable to
other efforts, with atmospheric Hg deposition ranging from -3.7 to 78.1 µg m −2 yr−1 and
inputs largely occurring as dry Hg deposition (US EPA, 2012a: 6.7 to 51.7 µg m −2 yr−1 ;
Miller et al., 2005: 4 to 32 µg m −2 yr−1 ). Higher atmospheric Hg deposition and soil Hg
concentrations and pools were found in the ADR and the CATPOC regions. These two
sub-regions likely receive higher atmospheric Hg deposition due to their closer proximity
to elevated Hg emission sources in the Midwest (Choi et al., 2008; Schmeltz et al., 2011),
and also their relatively higher elevations (Yu et al., 2011). The lack of significant
correlations between atmospheric Hg deposition and soil Hg concentrations and pools
have been reported in previous investigations (Obrist et al., 2011). This relationship
maybe obscured by the accumulation of historically deposited Hg stored as legacy Hg in
soils, historical soil formation and disturbance, and the dynamics of SOM (resulting from
various forms of organic matter which effectively bind Hg), which could influence the
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transfer and transformations of Hg within soil profiles in different sub-regions.

4.4.1.2 Forest Coverage
Various forms of deposited Hg behave differently in soils, and hence will influence
the spatial distribution pattern of soil Hg concentrations. Atmospherically deposited GEM
is subject to re-emission and may not contribute to the long-term pool of soil Hg
(Denkenberger et al., 2011). In forested areas, Hg is largely deposited in the form of
litterfall and throughfall (Demers et al., 2007), a large fraction of which retained in soils
(Figure 4.3a). Forest cover can also decrease the rate of GEM evasion by decreasing
incident radiation and lowering the temperature of the surface soil (Choi and Holsen,
2009; Denkenberger et al., 2011). Moreover, part of the evaded GEM is likely re-absorbed
by the forest canopy and hence is re-cycled within the forest ecosystem. Due to these
processes, I anticipate that soil Hg concentrations and pools should be higher in regions
that have greater forest coverage. In this study, I did observe lower Hg concentrations in
organic horizons in the SNE region where there is less forest coverage than the other
sub-regions.

4.4.1.3 Dynamics of SOM
The close relationship between Hg and SOM concentrations in this study is
consistent with observations that ionic Hg is largely complexed to functional groups of
SOM, especially those containing reduced sulfur, in the organic horizon (Khwaja et al.,
2006). The decomposition of SOM is linked to the transformation of Hg among organic
species and hence the mass transfer of Hg (Demers et al., 2007), which likely affects the
re-distribution of Hg within soil profiles. With the exception of SNE, Hg concentrations
and particularly pools were generally higher in the Oa horizon than in the less
decomposed Oie horizon, which might be explained by the accumulation of Hg in more
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stable humic substances in the Oa horizon. This forest floor horizonal pattern is also
consistent with soil Hg reduction and evasion largely occurring from the Oie horizon and
the immobilization of Hg inputs from throughfall/wet deposition by the Oa horizon
(Smith-Downey et al., 2010). I observed a pattern of increasing Hg/OC ratio with
increasing soil depth. Two mechanisms might help to explain these higher Hg/OC ratios
in mineral soils: (1) the rate of "respiration" of organically bound Hg to volatile GEM is
less than the overall rate of SOM decomposition (Obrist et al., 2011); and/or (2) some of
the Hg in mineral horizons is bound to mineral surfaces, thus enhancing Hg retention
despite SOM decomposition. I also observed a negative relationship between the ratios of
Hg/OC and OC/N with increasing soil depth. The OC/N ratio reflects the magnitude of
decomposition of SOM, with lower ratios representing higher degrees of decomposition.
Thus, it appears that higher Hg/OC ratios in mineral soils are related to greater
humification of SOM in deeper horizons.
Note that the pools of Hg in the mineral soil are greater in the northern sub-regions
(ADR, CNE, Maine) than the sub-regions of the lower latitude (CATPOC, SNE). This
pattern might reflect climate induced variability in soil development. Colder conditions of
the northern sub-regions likely limit decomposition of SOM resulting in larger pools of
mineral SOM which facilitates soil accumulation of Hg.

4.4.1.4 GEM Evasion
Although hydrological processes (such as waters draining upland soils and ground
water flow) are important in the supply of Hg from soil to surface waters, these fluxes are
small compared to atmospheric Hg deposition and reemissions (Denkenberger et al.,
2011; Driscoll et al., 2007b). While both the evasion of GEM and hydrological leaching
contribute to the export of Hg from undisturbed forest soil, GEM evasion is the main loss
mechanism (Obrist et al., 2009; Schuster et al., 2002). Hence, conditions that affect the
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formation and transfer of volatile GEM (e.g. soil temperature, moisture, incidence of solar
radiation, clay content) are likely to influence soil Hg concentrations. My results indicate
that GEM evasion is greater in SNE and CATPOC (9.0 µg m−2 yr−1 and 9.4 µg m−2 yr−1 )
than in the other sub-regions (ADR: 7.2 µg m −2 yr−1 , CNE: 7.5 µg m−2 yr−1 , and Maine:
7.8 µg m−2 yr−1 ).

4.4.2 Pools and Turnover
The concentrations of soil Hg and the estimated concentrations of background Hg
in this study were in the lower range of values reported in soils of the region and
worldwide (Biester et al., 2002: background Hg concentration 75 ± 25 ng g −1 , Europe;
Zhang et al., 2006: mean, 278 ng g −1 , range, 10 - 966 ng g−1 , topsoil of Beijing, China;
Demers et al., 2007: Oi horizon, 305.2 ng g −1 , Oe horizon, 394.6 ng g−1 , for soils in the
Adirondack Park; Obrist et al., 2009: Oi, 21.6 ± 1.0 ng g −1 , Oe, 47.7 ± 3.5 ng g−1 , Oa,
133.7 ± 6.5 ng g−1 , mineral horizon, 7.5 - 35.3 ng g−1 , for forest soils in four Sierra
Nevada forest sites, U.S.; Obrist et al., 2011: Oi, 22 - 83 ng g −1 , Oe, 48 - 195 ng g−1 , Oa,
162 - 420 ng g−1 , soil 0 -20 cm, 11 - 251 ng g −1 , soil 20 - 40 cm, 24 - 133 ng g −1 , for
soils in across 14 U.S. forests; Tipping et al., 2011a: average, 95 ng g −1 for 898 UK rural
topsoils). The calculated soil Hg pools are similar to values reported by Tipping et al.
(2011b) for rural topsoils in the United Kingdom, Demers et al. (2007) for forest soils in
the Adirondacks, and Obrist et al. (2009, 2012) for soils in a Sierra Nevada forest. The
fractions of Hg stored in the organic horizons (20%) were similar to a study in the Great
Lakes states (Nater and Grigal, 1992).
My data indicate that soil Hg is largely stored in the mineral horizons, although
substantial pools of Hg are evident in the forest floor (12-33% of total for sub-region
means). Spatially, the total soil Hg pool was the lowest in the SNE sub-region, which may
be due to higher GEM evasion rates associated with higher temperature and a lower
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percentage of forest coverage and greater mineralization of SOM due to milder climate.
The other four sub-regions have similar total Hg pools, but the fraction of the pool in the
organic horizons was the lowest in Maine (12%).
The historical record obtained from paleolimnological studies suggests that
atmospheric Hg deposition has increased steadily (2- to 3- fold) since the onset of
industrialization (Biester et al., 2007; Fitzgerald et al., 1998; Lorey and Driscoll, 1999;
Schuster et al., 2002; Swain et al., 1992). Studies have also indicated that Hg deposition
has decreased in recent decades, which is coincident with efforts to control Hg emissions
in the U.S. (Drevnick et al., 2011; Driscoll et al., 2007b; Engstrom and Swain, 1997;
Schmeltz et al., 2011). It is suggested that anthropogenic Hg emissions before 1850
account for 40% of the total cumulative human emissions (Streets et al., 2011). However,
our analysis suggests that Hg deposition from over 2,000 yrs prior industrialization due to
anthropogenic Hg emissions only accounts for a small fraction (about 6%) of the current
soil Hg pool. Hence, I assumed Hg deposition to be constant before 1850. Using the ratio
of net Hg deposition/wet Hg deposition modeled in this study (mean value: 1.94) and the
preindustrial ( 1850) Hg wet deposition of 5 µg m −2 yr−1 for the ADR estimated by
(Lorey and Driscoll, 1999), I calculated the flux of preindustrial Hg deposition (e.g. 9.7 µg
m−2 yr−1 for the northeastern U.S.). Studies suggest that Hg deposition peaked around
the 1890s due to mining, and again in the 1970s largely due to coal combustion (Amos
et al., 2012; Streets et al., 2011), then declined recently (a 25% decrease rate from the
1970s to current flux suggested by Driscoll et al. 2007a and Drevnick et al. 2011). Hence,
I re-constructed historical Hg deposition in each sub-region (Figure 4.5a).
The average accumulated Hg pools due to atmospheric Hg deposition after 1850
was estimated to be 2.6 mg m −2 , which accounts for 67% of the current Hg pool in the
organic horizon (3.9 mg m−2 ), and 12% of the total pool for the sub-regions (21.3 mg
m−2 ) except the SNE. This value for the contribution of anthropogenic Hg to the soil pool
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Figure 4.5: a): Estimated historical Hg deposition to sub-regions in the northeastern
United States. The deposition before industrialization (<1850) was considered to be
steadfast at each of the sub-regions, while the deposition after 1850 was re-constructed
from previous studies on Hg emissions. b): Relationship between estimated historical
Hg deposition and pools of Hg in organic horizons (Oie: open symbols; Oa: solid dark
symbols).

is lower than global model estimate of 20% (Amos et al., 2012; Smith-Downey et al.,
2010). Given current inputs and soil pools, and assuming steady-state conditions, the
mean residence time for Hg in the organic horizon and the total pool is 300 years and
2,300 years, respectively, in the sub-regions of the northeastern U.S. except for SNE. Soils
in SNE are shallower than observed for the other sub-regions and have lower total Hg
pools. As a result, the estimated mean residence time of Hg in the whole soil profile in
SNE is considerably shorter (1,050 years), though similar in the organic horizons (3000
years). This result reveals that anthropogenic activities have substantially exacerbated Hg
contamination, particularly in the forest floor, since the onset of industrialization.
There were a number of approximations that went into my analysis due to the
methods used, such as the current Hg deposition estimation and historical Hg deposition
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re-construction. The current atmospheric Hg deposition of reactive gaseous Hg extracted
from CMAQ is likely to be overestimated due to uncertainties in the emissions inventory
(annual average biases >250%, Holloway et al. 2012). The Hg emission patterns adopted
from several studies and the assumptions regarding pre- 1850 Hg deposition and recent
declines I used are likely to contribute uncertainties to the re-constructed historical Hg
deposition pattern. Note with substantial anthropogenic emissions and deposition dating
back 500 years, my calculations of the total anthropogenic contributions to soils are likely
underestimated.
Nevertheless, in my study the estimated time needed to accumulate the current
total pool of Hg solely by atmospheric Hg deposition is within the time of soil formation
in the glaciated landscapes of the northeastern U.S. (12 - 18 k years; Ciolkosz et al. 1989).
Although I did not observe a marked relationship between current Hg deposition and
concentrations or pools of soil Hg, I did find a correlation between the cumulative Hg load
from the atmosphere since 1850 and Hg pool in the organic horizons (Figure 4.5b). This
pattern suggests that historical atmospheric deposition is a major input of Hg to the forest
floor. Note the relationship between cumulative anthropogenic Hg deposition since 1850
is considerably stronger for the Oa than the Oie horizon. I hypothesize that Oie Hg is
largely derived from litter Hg inputs. Litter Hg is largely supplied from atmospheric
GEM, which exhibits relatively uniform concentrations across the northern hemisphere
(Mao et al., 2011; Risch et al., 2011). In contrast Oa Hg is a combination of GEM derived
from litterfall and ionic Hg from wet and dry deposition. Deposition of ionic Hg shows a
stronger pattern of decreasing deposition than litter Hg inputs with decreases in longitude,
which is consistent with the marked decrease in Oa Hg pool across the region. Moreover,
the accumulation of soil Hg is linked to the formation of soils, especially to the
biogeochemical dynamics of SOM. The fate of adsorbed Hg is significantly affected by
the fate of the SOM. Smith-Downey et al. (2010) suggested that the supply of binding
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sites associated with SOM is not a limiting factor (maximum storage capacity 0.024 g Hg
g−1 C) for the accumulation of Hg in soils (Hintelmann et al., 2002). The pool of Hg is
correlated with soil OC content in both the organic and mineral horizons (Figure 4.4b).
The turnover time of soil OC varies from several months in the Oie horizon, to a few years
in the Oa horizon, and to thousands of years in the mineral horizons (Schimel et al., 1994;
Zhang et al., 2010). Therefore, Hg adsorbed to relatively short-lived labile OC in the
forest floor is either reduced to GEM and subject to evasion, transported hydrologically, or
accumulated in more stable SOM in lower soil horizons. Mercury that binds to recalcitrant
OC in the mineral horizons is more resistant to transformation, leading to long-term
accumulation, and higher Hg/OC ratios in mineral horizons. The fact that the total soil Hg
pool is approximately equal to the total estimated atmospheric deposition during the
period of soil formation suggests that Hg evasion from the soil is roughly balanced by
release of Hg through mineral weathering.
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Chapter 5
Spatial Patterns of Lake Biota Hg Accumulation

5.1 Objective and Hypothesis
This phase of the dissertation was conducted in cooperation with the Wildlife
Conservation Society, BioDiversity Research Institute, and the New York State
Department of Environmental Conservation partners in the former Adirondack
Cooperative Loon Program to assess the impact of Hg contamination on common loon
populations in the Adirondack Park of New York. Mercury concentrations in lake water,
littoral sediments, zooplankton, crayfish, fish, and common loon in 44 lakes of
Adirondack Park were analyzed. The following hypotheses were established for this phase
of the dissertation: (1) lake-watershed attributes (such as water chemistry, land coverage,
elevation) regulate the spatial patterns of Hg and MeHg concentrations in aquatic biota
across trophic levels; (2) the sensitivity of Adirondack lakes to atmospheric Hg deposition
is established by physio-chemical characteristics of lake-watersheds and the supply of
MeHg to the base of the food chain; and (3) the acid-base status of Adirondack lakes (pH,
ANC) is an important controller of bioaccumulation of MeHg.

5.2 Study Site, Field and Analytical Methods
5.2.1 Study Site
The Adirondack Park of New York State, USA, contains a unique mountainous
landscape of wetlands, northern hardwood and boreal forests, alpine tundra, and
approximately 2, 800 lakes (Driscoll et al., 1991). The variability of lake characteristics,
presence of breeding common loons, and the accessibility of the lakes were the main
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criteria in selecting the study sites. Forty-four lakes were selected for study (Figure 5.1),
including several listed in the New York State fish consumption advisory (New York State,
Department of Health, 2012a).

Figure 5.1: Location of the 44 study lakes in Adirondack Park of New York State. The
corresponding lake names for each ID are shown in Table 5.1.

5.2.2 Field and Laboratory Methods
All samples were collected at approximately the same time of year, around August
2003 or 2004. Lake water and sediment samples were collected following "clean
hands-dirty hands protocols" (US EPA, 2001a,b). Water samples were collected as grab
samples at a depth of half meter near the center of the lakes. Surface sediment samples
were collected using a modified 50 mL syringe inserted to a 3-5 cm depth in lake littoral
sediments where crayfish were present. Zooplankton samples were collected via tow nets
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(64 µm pore size). Crayfish were collected by hand from lakes with rocky substrate.
Whole body and tail of crayfish samples were measured for Hg concentrations. Four
size-classes of fish (5-10 cm, 10-15 cm, 15-20 cm and 20-25 cm) were collected for whole
body analyses using seines, rod and reel, and minnow traps. Loons were captured by
night-lighting techniques (Evers et al., 2008), and blood samples were non-lethally
collected. One sample for water, sediment and zooplankton, two or three samples for
crayfish, and multiple samples for fish and loons were collected in each of the 44 lakes.
Crayfish were not collected from 17 of the lakes, and also no sediments were collected
from those lakes.
The collected samples were sent to Syracuse University (water, sediments,
zooplankton) and Texas A&M University (crayfish, fish, loon) for chemical analysis.
Total Hg (THg) was analyzed via oxidation, purge and trap, and cold vapor atomic
fluorescence spectroscopy (CVAFS, Tekran model 2600) based on USEPA method 1631
(2002, revision E). MeHg was analyzed via distillation, aqueous ethylation, purge and
trap, desorption, and CVAFS based on USEPA method 1630 (2001). All samples were
analyzed for THg. MeHg was analyzed in water, sediment, and zooplankton. All biota Hg
and MeHg concentrations are expressed on a wet weight (ww) basis, except for
zooplankton (dry weight, dw). Ancillary water chemistry parameters, including pH, ANC,
DOC, dissolved inorganic carbon (DIC), Na, K, Ca, Mg, Si, NH4 , NO3 , SO4 , F, Cl, total
phosphorus (P), chlorophyll a, monomeric aluminum (Alm) and non-labile (organic)
monomeric aluminum (Alo), were analyzed from the same sample which was analyzed
for Hg species according to standard methods (APHA/AWWA/WEF, 1998).
The determination of THg, MeHg and ancillary chemical properties for all water,
sediment and biological samples were subjected to quality assurance (QA) procedures. An
initial calibration was performed before every sample analysis of THg, MeHg and
chemical variables. Initial calibration verification (ICV, immediately after initial
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calibration), initial calibration blank (ICB, after ICV), continuing calibration verification
(CCV, after every 10 samples and at the end of the run), continuing calibration blank
(CCB, after every CCV), quality control sample (QCS), laboratory control sample (LCS,
both QCS and LCS were immediately after initial calibration), method blank
(immediately after QCS and every 10 samples), matrix spike/matrix spike duplicate
sample (MS/MSD, 1 with every batch of 10 samples), sample duplicate (1 every 20
samples), and ongoing precision and recovery (OPR, 1 at the beginning and end of every
batch) sample, were used to maintain the analytical quality assurance and instrument
performance and stability. Recoveries for spikes and standards in determining Hg
concentrations were well controlled within method guidelines (75-119% on QCS and
LCS, 77-111% on MS/MSD, and 76-121% on OPR for THg and MeHg; 90-110% on
CCV for THg; and 85-115% on CCV for MeHg), while the relative percent differences for
duplicates were controlled at less than 20%. Field and method blanks were controlled at
less than 3 times method detection limit (MDL). MDLs for THg in water, sediment and
zooplankton were 0.2 ng L−1 , 1 ng L−1 , and 0.033 µg L−1 , respectively; while MDLs for
MeHg were 0.02 ng L−1 , 0.002 ng L−1 , and 0.0001 µg L−1 , respectively.

5.3 Data Analyses Methods
In my study several different species of fish were collected. Golden shiner
(Notemigonus crysoleucas), creek chub (Semotilus atromaculatus), and banded killifish
(Fundulus diaphanus) were considered to be "prey fish" while yellow perch, pumpkinseed
sunfish (Lepomis gibbosus), brown bullhead (Ictalurus nebulosus), smallmouth bass
(Micropterus dolomieu), and largemouth bass (Micropterus salmoides) were considered as
"fish". To facilitate comparison of fish Hg concentrations across lakes, all fish Hg
concentrations were converted to yellow perch equivalent values (YPE) based on the New
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York State Research Development Authority (NYSERDA) fish tissue standardization
approach (Kamman et al., 2003). In designing the project dataset, the fish collected were
grouped into four size classes (described above). In so doing, yellow perch Hg
concentrations were paired with Hg concentrations of other fish species within lake and
size categories to calculate predictive linear relationships that took the form of linear
regressions or simple adjustment factors. Ultimately, modeled YPE were calculated from
other fish species for all lakes in this study.
Similarly, to facilitate the comparisons of blood Hg concentrations among samples
of loons (including females, males and juveniles), values were converted into equivalent
female loon concentrations, or female loon unit (FLU) concentrations. A compilation of
common loon data from New York state (1998-2008, n=381) were used, whose subsets
contained multiple Hg observations for loons from a single territory and year, to develop
the modeled conversion relationships. The equation used to convert male blood Hg
concentrations into FLU was: FLU = EX P(−0.64939 + 1.354711 × ln(Hg male), r2 =0.61,
95% confidence limits (CL): 1.073-1.739 µg g −1 . While the equations used to convert
juvenile blood samples into FLU values were: age <4 weeks,
FLU = EX P(1.117769 + 0.441887 × ln(Hg juv)), r2 =0.58, 95% CL: 0.324-0.571 µg g −1 ;
age from 4-6 weeks, FLU = EX P(1.818148 + 0.752218 × ln(Hg juv)), r2 =0.52, 95% CL:
0.568-0.976 µg g−1 .
Moreover, the bioaccumulation factor (BAF) was used to represent the magnitude
of Hg contamination in biota. BAF was expressed as the log 10 ratio of MeHg
concentration in biota to MeHg in lake water (Dittman and Driscoll, 2009). It was
assumed that THg and MeHg concentrations are equivalent in crayfish, prey fish, fish and
loon samples (crayfish: Pennuto et al., 2005; fish: Lasorsa and Allen-Gil, 1995; Watras
and Bloom, 1992; loon: Driscoll et al., 2007a).
The Statistical Analysis System (SAS 9.1.3, SAS Institute Inc., Cary, NC)
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software was used to perform data analyses. To investigate the relationships across trophic
levels from lake-to-lake, data sets were pooled according to species and lakes using the
SAS Analyst and SAS PROC MERGE tools. SAS VARCLUS was used to analyzed the
inter-correlations of the lake chemistry parameters. SAS PROC CORR was used to
analyzed the relationships of Hg concentrations in biota and various physicochemical,
biological and spatial factors. SAS PROC REG tools was used to conduct multiple
regressions to predict biota Hg concentrations from lake water chemistry and related
biology parameters with both entry and leaving levels at 0.15. Also, analysis of variance
(SAS PROC GLM) and Tukey’s multiple comparisons were used to compare Hg
concentrations in biota.
Geographic Information System software (ESRI ArcGIS 9.3) was used to analyze
the spatial patterns of Hg concentrations. Both the digital elevation model (DEM) and
National Hydrography Dataset (NHD) of the Adirondack Park were obtained from the
United States Geological Survey (USGS). The watersheds for the study lakes were
delineated via Arc Hydro 1.3 tools based on these datasets. The area percentages of land
cover classes for each watershed were determined using the National Land Cover Dataset
for 2001 (NLCD, Fry et al., 2009). The atmospheric Hg deposition data were obtained
from the spatial maps created by Miller et al. (2005).
A key limitation of this synoptic study is the single collection of Hg samples for
each lake. An inherent assumption in the approach is that samples collected during a
single summer collection are representative of annual conditions in water, littoral
sediments and across the aquatic food chain. Investigations have noted marked seasonal
and spatial variations in water column Hg concentrations (Selvendiran et al., 2009), and
seasonal variations in zooplankton (Slotton et al., 1995). However, multiple collections for
each site were beyond the scope of this synoptic survey.
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5.4 Results and Discussion
5.4.1 General Lake Water Chemistry
The watershed and water chemistry characteristics of each study lake are
summarized in Table 5.1. Most of the Adirondack lakes studied were characterized by
relatively low-DOC (35 out of 44 lakes <5 mg C L−1 . The lakes were largely soft water,
with a mean pH of 6.5 (range: 5.3-7.8) and a mean ANC of 105 µeq L−1 (range: 4-331
µeq L−1 ). Most of the studied lakes were oligotrophic, with low concentrations of total P
(mean: 2.6 µeq L−1 , range: 0-6.0 µeq L−1 ) and chlorophyll a (2.8 µeq L−1 , 0.2-5.7
µeq L−1 ).

5.4.2 Water
Concentrations of THg in lake water had a mean of 1.73 ng L−1 and ranged from
0.10 (Clear Pond) to 4.96 ng L−1 (North Lake). Concentrations of MeHg in lake water
had a mean of 0.096 ng L−1 and ranged from <0.002 (method detection limit, MDL) to
0.48 ng L−1 (Dry Channel Pond). The fraction of THg occurring as MeHg (%
MeHg/THg) had a mean of 6% and ranged from 0 to 48% (Dry Channel Pond). A weak
relationship was found between MeHg and THg in water (r 2 =0.13, p=0.02). The
individual average Hg concentrations in water, sediment and biota of each lake are
presented in Appendix Table 7.2. Estimated total atmospheric Hg deposition was weakly
correlated with Hg concentrations in lake water (r2 =0.10, p=0.03). Although some study
lakes are in close proximity, concentrations of THg and MeHg were highly variable. Hg
concentrations in lake water were similar to those reported by other studies for the same
region (THg: 0.56-5.07 ng L−1 , MeHg: 0.03-0.60 ng L−1 , Dittman and Driscoll, 2009;
THg: 1.36-7.01 ng L−1 , MeHg: 0.03-0.96 ng L−1 , Dennis et al., 2005; MeHg: 0.1-0.4
ng L−1 , Driscoll et al., 1998).
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The SAS VARCLUS procedure was used to evaluate the inter-correlations of lake
water chemistry measurements. I found 3 clusters of variables which explained 48% of
the variability: cluster 1, pH, DIC, ANC, Si, chlorophyll a, Na, Ca, Mg, Cl, NO 3 ; cluster
2, DOC, THg, MeHg, SO4 , Alm and Alo; and cluster 3, NH4 , total P, K, F. Parameters in
cluster 2 were found to be correlated with THg and MeHg concentrations in lake water.
DOC concentrations were slightly positively correlated with THg concentrations (r 2 =0.18,
p=0.002) but not with MeHg concentrations in lake water. Both Alm and Alo
concentrations were positively related to THg concentrations (Alm: r 2 =0.32, p<0.0001;
Alo: r2 =0.34, p<0.0001). Neither THg nor MeHg concentrations in water were correlated
with pH.

5.4.3 Sediments
THg concentrations in littoral sediments (dw) had a mean of 17.2 ng g −1 and
ranged from 1.7 (Moss Lake) to 88.1 ng g −1 (Mason Lake). MeHg concentrations in
littoral sediments had a mean of 0.36 ng g −1 and ranged from <0.002 (MDL, Lake
Abanakee) to 3.63 ng g−1 (Mason Lake). Mean % MeHg/THg in littoral sediments was
2% and ranged from 0 (Lake Abanakee) to 16% (Middle Saranac Lake). In contrast to the
results for lake water, sediments MeHg concentrations were strongly correlated with THg
concentrations (r2 =0.57, p<0.0001, n=29). I found significant positive correlations
between percent organic carbon in littoral sediments with THg (r 2 =0.92, n=44), MeHg
(r2 =0.90, n=40) and %MeHg/THg (r2 =0.59, n=40, all p values <0.0001).

5.4.4 Lower Food Web
THg concentrations in zooplankton (dw) had a mean of 0.31 µg g −1 and ranged
from 0.007 (Canada Lake) to 0.89 µg g−1 (North Lake). MeHg concentrations in
zooplankton had a mean of 0.07 µg g−1 (dw) and ranged from 0.0007 (Canada Lake) to
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0.25 µg g−1 (North Lake). In zooplankton, % MeHg/THg had a mean of 24%, and ranged
from 0 (Canada Lake) to 74% (Squaw Lake). THg and MeHg concentrations in
zooplankton were positively correlated (r2 =0.32, p=0.0002). There were no significant
differences in the mean whole body THg concentrations (mean: 0.05 µg g −1 , range:
0.01-0.14 µg g−1 , p=0.44) for the four crayfish species (Orconectes limosus, O. robustus,
Procambarus acutus and O. propinquus), nor for whole body THg (mean: 0.05 µg g −1 )
and tail THg concentrations (mean: 0.06 µg g −1 ). Crayfish whole body THg
concentrations were significantly correlated (r2 =0.94, p<0.0001, n=39) with tail THg
concentrations. Prey fish Hg concentrations (mean, range) were: banded killifish (0.07,
0.04-0.11 µg g−1 ), golden shiner (0.10, 0.07-0.14 µg g −1 ), and creek chub (0.11, 0.05-0.15
µg g−1 ).

5.4.5 Upper Food Web
Fish total Hg concentrations (mean, range) were: pumpkinseed sunfish (0.10,
0.03-0.19 µg g−1 ), brown bullhead (0.10, 0.07-0.14 µg g −1 ), smallmouth bass (0.11,
0.04-0.33 µg g−1 ), largemouth bass (0.12, 0.04-0.23 µg g −1 ), and yellow perch (0.16,
0.04-0.46 µg g−1 , Figure 5.2). Hg concentrations in 7% of all fish and 12% of yellow
perch equivalent samples exceeded the EPA tissue criterion for MeHg in fish (0.3 µg g −1 ).
Ten of the 44 lakes (23%) had at least one fish sample with Hg concentration above 0.3
µg g−1 (Figure 5.3), and 5 of those 10 lakes were not currently listed on the New York
State fish consumption advisory. Note that 28 (64%), 21 (48%) and 4 (9%) of the 44 lakes
had at least one fish (YPE) in excess of the 0.16 µg g−1 , 0.21 µg g−1 , and 0.42 µg g−1 Hg
threshold values, respectively, for adverse effects on common loon health (Figure 5.3).
There was a high density of lakes with elevated Hg concentrations in zooplankton and fish
(YPE) in the southwestern part of the Adirondack Park (Figure 5.4). The study conducted
by Driscoll et al. (1991) showed a large number of lakes acidified by acidic deposition in
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the southwestern Adirondacks (Figure 5.4).
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Figure 5.2: Mercury concentrations (mean ± standard deviation) in biota, whole body,
except for zooplankton (dry weight) all samples were based on wet weight.

Total Hg concentrations in common loon blood (FLU) had a mean of 1.34 µg g −1 ,
and ranged from 0.36 (Clear Pond) to 5.87 µg g−1 (Ferris Lake). Mercury concentrations
in 9% of all the loon blood samples (FLU) were greater than 3.0 µg g −1 , while 13 of the
study lakes (30%) had at least one loon blood sample with a Hg concentration greater than
3.0 µg g−1 . Like zooplankton and fish, the spatial distribution patterns for FLU Hg
concentrations in the common loon population showed an abundance of lakes with
elevated concentrations in the southwestern Adirondacks (Figure 5.4). Overall, Hg
concentrations increased with increasing trophic position in the food chain in the order of
crayfish, zooplankton, prey fish, fish and common loon (Figure 5.2).
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Figure 5.3: Mean Hg concentrations in fish (whole body, yellow perch equivalent values, µg g−1 , ww; a) and common loons (blood, female loon unit values, µg g −1 ; b) for
the cumulative distribution of lakes sampled. The gray vertical lines in the fish population plot (a) represent the threshold values of 0.16, 0.21 and 0.42 µg g −1 for adverse
effects on common loon and 0.30 µg g −1 for the U.S. EPA fish consumption advisory
criterion. The gray vertical line in the loon population plot (b) represents the threshold
concentration of 3.0 µg g−1 for the health concern criterion for the common loon .

5.4.6 Factors Affecting Hg Overaccumulation
5.4.6.1 Lake Chemistry Effects
Mercury concentrations in aquatic biota were strongly influenced by lake water
chemistry. Since collinearity was detected for the lake water chemistry variables in the
cluster analysis, linear multiple regressions were used to predict biotic Hg concentrations
from lake water chemistry variables. For zooplankton, the models obtained were:
MeHgzooplankton = 0.2933 − 0.04068pH + 0.05084Alo (p values for each of the estimated
parameters were: 0.02, 0.02, and 0.04, respectively; r2 =0.51, n=33), and
T Hgzooplankton = −0.55601 + 0.32578Alo + 0.00114elevation (p values: 0.03, <0.0001,
and 0.01, respectively; r2 =0.47, n=38. Unit for Hg concentrations in zooplankton, fish,
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Figure 5.4: Spatial distributions of pH in lake surface water and Hg concentrations in
biota in the 44 Adirondack lakes, µg g −1 , i.e. zooplankton (MeHg), crayfish (THg),
fish (yellow perch equivalent, YPE), and common loon (blood, female loon unit, FLU)
.

and common loons are µg g−1 , for Alo and Alm are µg L−1 , ANC was µeq L−1 , and DOC
mg L−1 ). For fish, the model obtained was:
HgY PE = 0.28 − 0.019DOC − 0.00056ANC + 0.066Alm − 0.28MeHg/T Hg (p values:
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0.0045, <0.0001, <0.0001 and 0.0008, respectively; r 2 =0.41, n=112). While the regression
models did not work well in predicting crayfish and loon blood Hg, I did find a slight
relationship between loon blood Hg concentrations with lake water pH (r 2 =0.17,
p=0.0004, n=241). I found no significant relationships between Hg concentrations in
crayfish and Hg concentrations in littoral sediments. My analysis suggests that the
acid-base status of lake water (pH, ANC and Al) is particularly related to MeHg
accumulation in aquatic biota.
Although many studies have reported the important influence of the acid-base
status on Hg in aquatic biota, the mechanism contributing to this pattern remains poorly
defined. As my and those of other observations (e.g., Dittman and Driscoll, 2009; Driscoll
et al., 1994) show, surface water concentrations of THg and MeHg do not vary
systematically with pH. Thus, the relationship between lake pH and Hg concentrations in
biota may be due to the influence of acidity on the assimilation of MeHg at the bottom of
the food web and/or trophic transfer up the food web (Wyn et al., 2009).
The patterns of Hg in biota with ANC may be particularly relevant to air and water
quality managers. Although there is variability in my observations, zooplankton, fish and
loons all showed exponential increases in Hg concentrations with decreases in ANC
(Figure 5.5). The highest Hg concentrations in biota occurred in low ANC lakes that are
likely to be severely impacted by acidic deposition (Driscoll et al., 2007a) and the biotic
Hg concentrations decreased markedly with slight increases in ANC from these low
values. This spatial pattern suggests potential interactions of acidic deposition and Hg
contamination. Modest increases in ANC, which have been observed in low ANC lakes
following atmospheric emission controls of sulfur dioxide and nitrogen oxides (Driscoll
et al., 2007c) will likely have the co-benefit of decreasing Hg concentrations in the lake
biota.
The strong linkage of Hg with Al concentrations is also interesting and has been
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Figure 5.5: Relationships between acid
neutralizing capacity (ANC) and Hg
concentrations in zooplankton (a), fish
(b), and common loons (c). The exponential decay models fitted were: y =
0.126e−0.009x (a), y = 0.2698e−0.0057x
(b), and y = 2.644e−0.0052x (c), respectively. The p values for the three models are 0.002, <0.0001 and <0.0001, respectively. The dashed lines of 0.16,
0.21, 0.3, and 0.42 µg g−1 in plot b, and
3 µg g−1 in plot c represent the same criteria values as in Figure 5.3.
previously reported (Driscoll et al., 1994), although the operating mechanism is also not
clear. Elevated concentrations of Al are generally coincident with low pH values. Driscoll
et al. (1994) speculated that Al competed with Hg in binding to the functional sites of
DOC, and elevated concentrations of Al would, therefore, increase the bioavailability of
Hg. Adams et al. (2009) suggested that elevated Al contributed to nutrient limitations of
aquatic productivity of Adirondack lakes and as a result enhanced the bioconcentration of
Hg at the base of the food web.

5.4.6.2 Biologic Effects
Generally, MeHg BAFs increased in the order of crayfish (5.7), zooplankton (5.9),
prey fish (6.2), fish (6.3) and common loons (7.2). The values of MeHg BAFs found for
my study were consistent with those reported in the literature (crayfish, Alpers et al.,
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2008; zooplankton, Back and Watras, 1995; Pickhardt et al., 2004; fish, Driscoll et al.,
1994; loons, Evers et al., 2004). Zooplankton are in the lower portion of the aquatic food
chain, but their MeHg BAF values are relatively high in view of low trophic position
(Driscoll et al., 2007a). These relatively large MeHg BAF values demonstrate generally
the importance of the lower food web in setting the magnitude of Hg concentration for
higher trophic levels and ultimately controlling exposure to wildlife and human (Driscoll
et al., 1994; Kamman et al., 2005). Lake chemistry parameters were more strongly related
to Hg concentrations in zooplankton than Hg concentrations in any other biota. Crayfish,
one of the largest benthic invertebrates, are an important food source for larger aquatic
vertebrates, such as predatory fish (yellow perch) and fish-eating birds (common loon)
(Pennuto et al., 2005).
The values of fish Hg concentrations were within ranges found in other studies for
Adirondack lakes (0.09-1.11 µg g−1 , Dittman and Driscoll, 2009; 0.001-3.24 µg g −1 ,
Simonin et al., 2008) and water bodies of the northeastern U.S. (Kamman et al., 2005). As
observed in many previous studies, fish Hg concentrations increased with fish length.
Simonin et al. (2008) found the relationships between Hg concentrations and fish length
were more significant (r2 ranged from 0.76-0.87, varied with fish species) for individual
lakes than for groups of lakes.
Although I did not find statistically significant differences in blood Hg
concentrations in female (mean: 1.48 µg g−1 , range: 0.43-0.87 µg g−1 ) and male loons
(1.95, 0.62-0.85 µg g−1 ), male body burdens tended to exceed females, and blood Hg
concentrations in adult loons (1.71, 0.43-0.87 µg g −1 ) were significantly higher than
chicks (0.26, 0.06-0.82 µg g−1 ). These patterns follow other studies (Evers et al., 1998;
Meyer et al., 1998; Scheuhammer et al., 1998). Mercury concentrations in crayfish were
positively correlated with Hg concentrations in zooplankton (THg, r 2 =0.44, p=0.004,
n=40), fish (YPE, r2 =0.14, p<0.0001, n=101) and loons (FLU, r2 =0.41, p<0.0001, n=132).
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Using linear multiple regression, the equation obtained to predict Hg in loon blood from
Hg in yellow perch and zooplankton was:
HgFLU = 0.69565 + 3.407Hgyellowperch + 4.38355Hgzooplankton (p values: 0.0004, 0.01
and 0.03, respectively; r2 =0.19, n=105; units for all biotic Hg concentrations are µg g −1 ).
The relationships among Hg concentrations in various taxa of biota reflect the common
Hg transfer mechanism(s) along the aquatic food chain and to larger piscivorous animals.
Variations of Hg concentrations among species (zooplankton, crayfish, fish, and loons) in
similar habitats and areas are likely due to food web complexity and dietary patterns.

5.4.6.3 Spatial Landscape Effects
The variability of Hg concentrations in biota for nearby lakes indicated that
landscape factors affect Hg bioaccumulation in addition to lake chemistry and biology. I
hypothesized that landscape characteristics would influence lake physicochemical
properties, Hg inputs to lakes and the feeding habitat of biota, and therefore, affect the
magnitude of Hg contamination. Most of the land cover area for the watersheds of the
study lakes is deciduous forest, as deciduous forest occupies 54%, coniferous forest 14%,
mixed forest 6%, woody wetlands 11%, and open water 12%, respectively, of the total
area of the watersheds of the study lakes. No significant relationships were found between
the percentages of land cover class and lake water chemistry parameters, or Hg
concentrations in lake water or aquatic biota. I only found a small relationship between
the percentages of watershed area as mixed forest and Hg concentrations in common
loons (FLU, r2 =0.10, p<0.0001). Note the land cover classes of the study lakes did not
vary substantially as the dominant land cover was always forest. Relationships may have
been evident if there was more variation in watershed land cover classes. For example,
Kramar et al. (2005) reported a stronger relationship (r2 =0.55, p<0.0001) between Hg
concentrations in common loon and land cover classes, (i.e., crop land, shrub land,
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wetlands) for the major lakes and eleven smaller ponds in northwest Maine.
The elevation in Adirondack Park is generally high along a southwest-northwest
transect. The elevation range for the Park is 30 to 1,630 m, while the study lakes range
from 429 to 623 m. Both pH (r2 =0.11, p=0.03) and ANC (r2 =0.09, p=0.05) were weakly
negatively related with lake elevation. Although I did not find relationships between
elevation and Hg concentrations in zooplankton, crayfish, fish and loons, I did find slight
positive relationships between elevation and MeHg BAF in zooplankton (r 2 =0.15, p=0.01,
n=28), crayfish (r2 =0.21, p<0.0001, n=24) and fish (r2 =0.14, p<0.0001, n=62). The
mechanism for the elevation effect on Hg bioaccumulation in aquatic ecosystems is not
completely clear. High elevation lakes are likely to receive greater atmospheric Hg
deposition (Miller et al., 2005) resulting in newly deposited Hg that is likely more
available to biota. Furthermore, high elevation lakes receive greater inputs of acidic
deposition and have shallow soils and surficial deposits which make them more sensitive
to surface water acidification (Driscoll et al., 1991; Ito et al., 2002). I did not note a
relationship between THg or MeHg in lake water and elevation. This lack of association
suggests that the spatial patterns of Hg in biota with elevation may be driven more by the
influence of lake pH on MeHg bioavailability and/or trophic transfer.
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Table 5.1: Lake name, ID, mean major chemistry and lake-watershed characteristics,
and location of the 44 study lakes in Adirondacks, the lake IDs correspond to lakes
shown in Figure 5.1
Basin

lake

ID

pH

DOC

ANC

chl-a

elev

area

mg C L−1

µeq L−1

µg L−1

m

ha

latitude

longitude

South Lake

1

5.7

2.6

12.7

1.1

563

191.5

43.50583

-74.8728

North Lake

2

5.26

6

9.7

0.3

544

263.2

43.52033

-74.9422

Squaw Lake

3

5.95

3.6

21

1.4

619

22.5

43.635

-74.7367

Nicks Lake

4

7

4.3

141.6

3.3

538

55

43.6695

-74.9908

Limekiln Lake

5

6.39

2.3

38.7

0.8

511

2840.3

43.708

-74.8078

Seventh Lake

6

7.08

4.2

188.6

0.9

563

94

43.742

-74.759

Oswegatchie

Little Safford Lake

7

5.6

8.4

18.3

2.5

519

18.6

43.75667

-74.9533

/Black

Moss Lake

8

6.6

4.4

86

1.9

533

199.8

43.77533

-74.8518

Big Moose Lake

9

5.29

2.5

12.6

1.4

443

0.2

43.81733

-74.8532

Beaver Lake

10

6.17

4.3

40.1

0.7

435

261.9

43.87617

-75.157

Moshier Reservoir

11

6.02

4.2

21.8

0.9

531

129.6

43.88517

-75.1053

Newton Falls

12

6.83

5.3

116.2

15.7

536

556.4

44.2085

-74.9853

Chaumont Pond

13

6.78

4.5

119

2.2

469

432.2

44.205

-74.942

Cranberry Lake

14

6.57

4.2

64.4

2.3

470

154

44.21917

-74.8422

South Pond

15

5.99

3.7

16.1

0.8

568

215.9

43.92383

-74.4528

Round Lake

16

6.74

6.7

85.6

3.1

556

135.3

44.085

-74.575

Lows Lake

17

6.55

4.5

67.2

6.6

524

1344.9

44.086

-74.7415

Hitchins Pond

18

6.46

4.5

79.1

2.3

500

164.7

44.10817

-74.6542

St.

Horseshoe Lake

19

6.56

4.6

261.9

3.1

503

152.6

44.125

-74.6243

Lawrence

Piercefield Flow

20

6.77

6.2

87.1

0.9

544

48.6

44.23333

-74.5597

Massawepie Lake

21

7.19

3.7

235.7

2.2

526

179

44.25

-74.6575

Spitfire Lake

22

7.21

2.8

176.1

2.3

576

36.4

44.4205

-74.2545

Clear Pond

23

5.67

2.1

8.3

1.2

469

159.3

44.584

-74.2837

Kushaqua Lake

24

7.39

5.8

331.5

7.2

509

66.5

44.52317

-74.1022

Taylor Pond

25

7.1

3.3

162.7

1.7

641

29.5

44.48933

-73.8202
-74.2848

Little Clear Pond

26

7.26

1.6

250.1

2.5

512

51

44.35317

Lake

Long Pond

27

7.82

3.7

105.7

4.7

523

1063.5

44.34167

-74.4005

Champlain

East Pine Pond

28

6.9

3.4

163.6

5.6

487

692.4

44.33717

-74.4073

Dry Channel Pond

29

5.74

3.7

20.4

2

476

27.3

44.34233

-74.442

Middle Saranac Lake

30

6.96

3.9

159

1.6

531

40.6

44.25883

-74.2397

Henderson Lake

31

6.26

2.7

30.8

1

496

0.7

44.0885

-74.0555

Wolf Pond

32

6.93

3

85.9

0.3

645

54.7

44.024

-74.2192

Arbutus Lake

33

6.72

4.1

72.5

1

434

44.5

43.97633

-74.2348

Woodruff Lake

34

7.52

6.6

283.2

12.4

653

431.7

43.95917

-74.1432

Lake Durant

35

6.71

6.8

102.9

1.8

484

104.9

43.83733

-74.3843

Upper

Lake Abanankee

36

6.75

3.1

106.6

2

429

41.4

43.79183

-74.2245

Hudson

Cedar River Flow

37

6.87

3.9

110.2

3.4

461

358.5

43.7225

-74.47

Mason Lake

38

6.94

3.3

172.2

2.4

525

191

43.58867

-74.4233

Garnet Lake

39

7.09

3.8

203.9

4.4

494

115.2

43.53617

-74.008

Mohawk

Piseco Lake-Big Bay

40

5.6

3.7

101.1

1.5

547

199.1

43.37533

-74.5405

Private Lake #1

41

6.18

6

55.6

3.7

555

1.2

43.372

-74.6187

G Lake

42

6.18

2.1

23.8

1

491

188.2

43.4175

-74.635

Ferris Lake

43

5.94

4.3

32

1.6

488

20

43.30017

-74.6335

Canada Lake

44

6.57

2.4

58.7

0.9

450

3.7

43.15817

-74.5378
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Chapter 6
Synthesis and Integration, and Suggestions for Future Study

6.1 Synthesis and Integration
The Adirondacks is a region characterized by relatively high concentrations of Hg
in both terrestrial (Evers et al., 2007, 2008, 2012; Turnquist et al., 2011) and aquatic
(Dittman and Driscoll, 2009; Driscoll et al., 1994; Evers et al., 2007) biota and has been
characterized as a "biological Hg hotspot". My study analyzed the spatial patterns of Hg
in atmospheric deposition, soils and lake biota, which is useful in evaluating the factors
contributing the Adirondacks as a biological Hg hotspot.
While atmospheric Hg deposition to the Adirondacks as a whole is moderate
compared to regions in the northeastern U.S., it exhibits considerable spatial variation
over the entire Park (-3.7 to 46.0 µg m−2 yr−1 ). I observed two overarching patterns that
drive Hg deposition to the Adirondacks. Firstly, Hg deposition is higher in areas with
abundant forest land cover. Forest canopy provides considerable surface area (leaf area
index) compared with other land cover types which facilitate the adsorption, absorption
and deposition of atmospheric Hg forms. The deposited Hg is subsequently transported to
the land as litterfall and throughfall. The estimation of atmospheric Hg deposition
conducted in this study, together with previous studies on modeling Hg deposition (e.g.
Miller et al., 2005; Zhang et al., 2012a) and field monitoring of Hg deposition in forests
(e.g. Bushey et al., 2008; Risch et al., 2011), confirm this pattern. Secondly, Hg
deposition is likely to be greater at higher elevations. There are a few field studies
(Lawson et al., 2003; Townsend et al., 2012) as well as a modeling study (Miller et al.,
2005) that consider the effects of elevation on Hg deposition. Mercury deposition
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velocities increase with increasing elevation due to greater wind speed, although this
effect may be offset to some extent by decreases in temperature. Furthermore, at higher
elevation sites, the effect of atmospheric Hg deposition may be exacerbated due to the
shallower soils and landscape characteristics that are more sensitive to Hg and acidic
deposition (Rimmer et al., 2005; Townsend et al., 2012; Yu et al., 2011).
The forms of the deposited atmospheric Hg are related to their fates and
biogeochemical processes in the aquatic and terrestrial ecosystems. The deposition of
GEM is relatively uniform across the Adirondack Park due to the general uniform
concentrations of GEM and the low deposition velocities of GEM. GEM is largely
deposited as litterfall in forest lands which impacts the concentrations and pools of soil
Hg. Coniferous forest receives greater atmospheric Hg deposition than deciduous forest
due to their larger leaf area index. The coniferous litterfall Hg deposition is smaller than
the deciduous litterfall, while the throughfall Hg deposition in the coniferous forest are
greater than the deciduous forest. Wet Hg deposition (210 kg yr −1 ) is somewhat smaller
than dry Hg deposition (370 kg yr −1 ) in the Adirondack Park. Wet Hg deposition has an
increasing trend toward the emission source area in the Midwest and South, which may
suggest that the forms of Hg associated with wet deposition are largely oxidized Hg
(GOM and PBM) that originate from regional emission sources.
Terrestrial soil is a large reservoir of atmospheric deposited Hg. However, no
significant relationship was found between current atmospheric Hg deposition and soil Hg
concentrations or pools. It appears that soil Hg is processed through the decomposition of
soil organic matter which likely shapes the distribution patterns of soil Hg, as evidenced
by the significant negative relationship between the ratios of Hg/OC and OC/N (r=0.77,
p<0.0001). Although significantly higher concentrations were found in the organic
horizons, soil Hg was mostly stored in the mineral horizons. I estimated that the
accumulated Hg due to atmospheric deposition since 1850 (2.6 mg m −2 ) accounts for 67%
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of the Hg pool in the organic horizons (3.9 mg m −2 ) and 12% of the total Hg pools (21.3
mg m−2 ) in all sub-regions studied, except for SNE sub-region. The lower pool of soil Hg
in the SNE may be due to conditions of less abundant forest cover and milder climate,
which limit inputs of Hg and the accumulation of organic matter in soil and associated Hg.
The mean residence time for soil Hg was estimated to be 2,300 yrs, except SNE which
was 1,050 yrs, which may suggest the accumulation of Hg is largely linked to the mineral
diagenetic and soil development processes in the region. Conditions that affect the
dynamics of soil carbon, which may include climate, land use, and landscape perturbations
therefore may influence the spatial patterns of concentrations and pools of soil Hg.
The spatial distribution patterns of Hg concentrations in lake water, littoral
sediments, zooplankton, crayfish, fish and common loon showed considerable variation
across the 44 Adirondack lakes. Consistent with previous studies, Hg strongly
bioaccumulated in zooplankton, fish and common loon blood. My spatial analysis
indicates that lakes with the highest concentrations of Hg in aquatic biota are generally
located in the southwestern portion of the Adirondack Park, where there is a high density
of lakes that have been acidified by acidic deposition (Figure 5.4; Driscoll et al., 1991).
Many of the lakes studied have Hg concentrations in fish and common loon blood which
exceed criteria established for the protection of human and wildlife health. I observed a
marked increase in the Hg concentration in biota with decreases in lake pH and ANC.
Modest increases in ANC in low ANC lakes (associated with atmospheric emission
controls and decreased in acidic deposition) would likely have the co-benefit of decreasing
Hg contaminations in biota.
Watersheds of the Adirondacks are largely forested. Forests greatly enhance
atmospheric deposition of Hg due to the scavenging of gaseous and particulate Hg by the
forest canopy. There is an abundance of wetlands in the Adirondacks which are important
in the production of MeHg and the transport of total Hg and MeHg to downstream surface

77

waters (Selvendiran et al., 2008). Adirondack lakes are relatively unproductive, a
condition which enhances bioconcentration of Hg (Chen and Folt, 2005). Mercury
concentrations in fish and common loon are directly related to MeHg concentrations in the
lower food web. The most distinct factors influencing biotic Hg concentrations in my
study were lake pH and ANC. Many Adirondack lakes are naturally acidic, but have also
been further acidified by elevated inputs of acidic deposition. It would appear that the
status of the Adirondacks as a biological Hg hotspot is due to its landscape characteristics,
including the abundance of forest and wetland cover, and unproductive lakes, which make
the region sensitive to moderate inputs of Hg but also ongoing effects of acidic deposition.

6.2 Suggestions for Future Research
Suggestions for the future research are derived either to address the potential
problems identified in this dissertation research or areas where continuous studies are
needed.
• In estimating atmospheric Hg deposition to the Adirondacks, only one site (HF) was
used to monitor the various forms of atmospheric Hg concentrations. Measurements
in additional sites representing various land use types and elevations in the
Adirondacks as well as in the northeastern U. S. are needed to better estimate
atmospheric Hg deposition.
• There is limited understanding in the mechanism of dry Hg deposition. Measuring
litterfall and throughfall Hg deposition in forests are useful tools to address this
problem. Further efforts are needed to measure litterfall and throughfall Hg
deposition in the Adirondacks, especially along an elevational gradient. Moreover,
measuring concentrations of atmospheric Hg forms simultaneously at the same
locations will provide additional information in understanding and modeling Hg dry
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deposition.
• Measure cloud water Hg concentrations and deposition. These data would be useful
to improve estimates of atmospheric Hg deposition at high elevations.
• Analyze the hydrological transport of Hg from soils to wetlands. This pathway is
important in understanding the transport of Hg from the terrestrial ecosystem to
aquatic ecosystems.This process is also important to characterize the supply of Hg
to zones of MeHg production.
• Characterize concentrations of Hg species for the entire lake water by collecting
multiple samples with depth along water column. This information is useful in
evaluating in-lake processing of Hg and the mass balance of Hg in lakes.
• In my research, studying the spatial patterns of Hg proved to be a powerful tool to
improve understanding the mechanisms of Hg contamination to the Adirondacks. It
would be useful to extend this approach to other remote regions to evaluate their
applicability to further assess Hg contamination issues.
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Chapter 7
Conclusions

7.1 Phase I: Spatial Patterns of Atmospheric Hg Deposition
• Atmospheric Hg deposition to the Adirondacks was estimated using a new
procedure that combined numerical modeling and limited experimental data.
Litterfall plus throughfall deposition were considered as the total Hg deposition to
coniferous and deciduous forest during the leaf-on period, and wet Hg deposition
plus modeled atmospheric dry Hg deposition were considered as the total deposition
to the deciduous forest during the leaf-off period and for the non-forested areas
year-around. Atmospheric Hg dry deposition was estimated using the Big Leaf
model, and the deposition velocities for various forms of atmospheric Hg were
calculated using a multiple resistances model. The calculation of the deposition
velocities were adjusted to consider elevation effects using experimental empirical
equations.
• The average atmospheric Hg deposition to the Adirondacks was estimated as 17.4
µg m−2 yr−1 , with a range of -3.7 to 46.0 µg m−2 yr−1 . The total Hg deposition, dry
and wet Hg deposition, and GEM evasion were estimated as 580, 370, 210 and 170
kg yr−1 , respectively for the Adirondacks (2.4 million ha). My results suggest that
the Adirondacks is a net sink for Hg.
• A large spatial variation was evident in atmospheric Hg deposition across the
Adirondacks, with scattered areas in the eastern Adirondacks having total Hg
deposition greater than 30 µg m−2 yr−1 , while the southwestern and the northern
areas received Hg deposition ranging from 25 to 30 µg m −2 yr−1 .

80

• Atmospheric Hg deposition exhibits considerable variability to various land types,
with greater deposition to forests ( 20 µg m −2 yr−1 ), and lower deposition to water
(3 µg m−2 yr−1 ) and urban (5 µg m−2 yr−1 ) surfaces.
• The deciduous forest lands received the greatest net atmospheric Hg deposition (224
kg yr−1 ) , followed by mixed forest (70 kg yr−1 ), coniferous forest (64 kg yr−1 ),
wetlands (46 kg yr−1 ), water (5 kg yr−1 ), and urban areas (3 kg yr−1 ).
• The canopy resistance is an important component contributing to the total resistance
in calculating dry Hg deposition velocity to forests. Cuticle resistance, as an
important component of the canopy resistance, remains significant throughout the
entire year for both deciduous and coniferous forests.
• Wind speed is the most important meteorological condition in controlling the speed
of atmospheric Hg deposition. Mercury deposition is likely to be higher in more
elevated areas where wind speeds are greater.

7.2 Phase II: Spatial Patterns of Soil Hg Accumulation
• Atmospheric Hg deposition and surface GEM evasion were estimated across the
northeastern U.S. The spatial model showed higher atmospheric Hg deposition in
the CATPOC and ADR sub-regions which are higher in elevation and closer to the
elevated Hg emission area of the Midwest. Dry deposition was more important than
wet deposition, and soils in the northeastern U.S. were a net sink for atmospheric
Hg.
• Mercury concentrations were characterized along soil profiles in five sub-regions
across the northeastern U.S. Soil Hg concentrations and pools varied spatially.
Mercury concentrations in the Catskills/Poconos and the Adirondacks were
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comparatively higher than in Maine, Central New England, and Southern New
England.
• The average Hg concentrations downward in the soil profile were Oie 218±100 ng
g−1 , Oa 182±65 ng g−1 , E 19±16 ng g−1 , BS1 81±44 ng g−1 , BS2 65±39 ng g−1 ,
BS3 44±30 ng g−1 , and C horizon 23±16 ng g−1 , respectively. The average
background soil Hg concentration in the five sub-regions of the northeastern U.S.
was estimated to be 20 ng g−1 . Mercury concentrations in the organic horizons were
enriched around 10- fold over background levels.
• The largest pool of soil Hg occurred in the mineral horizons. The forest floor had
between 12% and 33% of the total soil Hg pool. The total Hg pools were similar in
all sub-regions at a value of 21.3 mg m −2 , except in SNE where the pool was the
lowest at 9.6 mg m−2 . The lower pool in SNE may be related to less forest cover
and milder climate than the other sub-regions.
• Contrary to my hypotheses, no relationship was found between current atmospheric
Hg deposition and soil Hg concentrations and pools in the Northeast. However, I did
found a strong relationship between estimated cumulative inputs of atmospheric Hg
deposition since 1850 and the pool of Hg in the Oa horizon.
• I estimated that atmospheric Hg deposition since 1850 (2.6 mg m −2 ) accounts for
67% of the Hg pool in the organic horizons (3.9 mg m −2 ) and 12% of the total soil
Hg pool (21.3 mg m−2 ), except for the SNE. The mean residence time for soil Hg
was estimated to be 2,300 yrs, except for SNE for which the mean residence time
was 1,050 yrs, which may suggest the accumulation of Hg is largely linked to the
mineral diagenetic and soil development processes in the region.
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• Soil Hg concentrations were found to be significantly correlated with SOM contents
(C%, N%, and S%). While atmospheric Hg deposition contributes to the
accumulation of soil Hg, the dynamics of soil OC is the main factor shaping the
spatial and horizonal distribution of Hg in the northeastern U.S. soils.

7.3 Phase III: Spatial Patterns of Lake Biota Hg Overaccumulation
• The spatial distribution patterns of Hg in lake water, littoral sediments, zooplankton,
crayfish, fish, and common loons were studied in 44 lakes of the Adirondacks.
• The study confirmed that a substantial fraction of the lakes studied in the
Adirondacks had fish and loon samples exceeding established criteria for human
and wildlife health.
• Factors accounting for the spatial variability of Hg in lake water and biota were lake
chemistry (pH, acid neutralizing capacity, percent carbon in sediments), biology
(taxa presence, trophic status) and landscape characteristics (land cover class, lake
elevation).
• Mercury concentrations in zooplankton, fish and common loons were increased
markedly with decreases in pH and ANC suggesting a strong linkage between Hg
contamination and extent of acidification by acidic deposition.
• Bioaccumulation factors for MeHg increased from crayfish (mean log10 BAF=5.7),
to zooplankton (5.9), to prey fish (6.2), to larger fish (6.3), to common loons (7.2).
MeHg BAF values in zooplankton, crayfish, and fish (yellow perch equivalent) all
increased with increasing lake elevation.
• The pattern of marked biomagnification of MeHg across the Adirondack lakes is set
by the extent of bioaccumulation of the base of the food chain.
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Appendix 1
Total mercury (THg) concentrations were characterized for all soil samples using a
DMA-80 Direct Mercury Analyzer (Milestone, Microwave Laboratory Systems, Shelton,
CT) with thermal decomposition, catalytic reduction, amalgamation, desorption and
atomic absorption spectroscopy. All samples analyses were performed in duplicate.
Quality control checks were performed every 10 analyses, and also blanks were analyzed
to clean the system and check for carryover. I used certified apple leave as a standard
reference material (SRM) (NIST 1515; National Institute of Standards, Gaithersburg,
MD) for the low range (0-35 ng g−1 Hg), and dogfish liver SRM (NRCC DOLT 3:
National Research Council of Canada, Ottawa, Ontario) for the high range (35-600 ng g−1
Hg) of Hg concentrations. The criteria I used and the quality control results obtained are
summarized in Appendix Table 7.1. More details on the procedures for the analysis of soil
total Hg concentrations can be found in (Bushey et al., 2008).
Total concentrations of carbon, nitrogen, and sulfur were analyzed using a Costech
ECS 4010 CHNSO analyzer. The samples were transformed into analytically suitable
gases (CO2 , N2 , and SO2 , respectively) in a combustion tube. The gases pass through a
thermo conductivity detector, which generates an electrical output signal proportional to
the amount of eluted gas. For carbon and nitrogen analyses, atropine (70.56% C, and
4.84% N) was used as a calibration standard, acetanilide (71.09% C, and 10.36% N) was
used a second source and apple leaves (47.6% C, and 2.25% N) was used as a reference
material. For sulfur analyses, 5-Bis (5-tert-butyl-benzoxazol-2yl) thiophene (7.44% S)
was used as a calibration standard, sulfanilamide (18.62% S) was used as a second source
and apple leaves (0.18% S, a non-certified value) was used as reference material. The
mean recoveries for C, N and S were 99.2%, 96.8%, and 104.4%, respectively.
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Table 7.1: QA/QC criteria used and results obtained for the study.
Sample

Criteria used

Results, (average, min-max)

Calibration curve

r>0.995

0.993, 0.988-0.999

QC sample

90-110%

97.3%, 88.2-115.8%

MBLK

<0.75 ng

0.83, 0.1-1.44

CCV

90-110% recovery

98.9%, 87.8-18.2%

CCB

<0.75 ng

1.51, 1.1-2.4

MS/MSD

67-149% recovery

101%, 94.4-115.8%

Samples RSD

<+/-15%

-0.5%, -14.7-14.3%

MS/MSD RSD

<20%

0.5%, -3.8-3.9%

Note: MBLK stands for method blank, CCV stands for continuing
calibration verification, CCB stands for continuing calibration blank,
MS/MSD stands for matrix spike and matrix spike duplicate, and RSD
stands for relative standard deviation.
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Appendix 2
The average lake properties were presented in Appendix Table 7.2. The data of the
Hg concentrations and lake physicochemical characteristics can be found from
Osmancevic (2007).
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Table 7.2: Lake name, ID, mean major chemistry and lake-watershed characteristics,
and location of the 44 study lakes in Adirondacks
Water

Sediment

Zooplankt

Crayfish

Fish, YPE

THg/MeHg

THg/MeHg

THg/MeHg

Whole/tail

mean ± std (n)

mean ± std (n)

ng L−1

ng L−1

µg L−1

µg L−1

µg L−1

µg L−1

Lake Abanankee

2.706/0

39.11/0.01

0.341/0.016

0.048/0.061

0.087 ± 0.031 (4)

0.509 ± 0.224 (5)

Arbutus Lake

1.576/0.11

5.11/0.11

0.187/ND

0.046/0.053

0.291 ± 0.059 (7)

1.412 ± 0.679 (8)

Beaver Lake

1.751/0.084

2.81/0.01

0.427/0.138

0.045/0.050

0.195 ± 0.110 (9)

1.793 ± 1.111 (16)

Big Moose Lake

1.036/0.03

18.91/0.21

0.247/0.089

0.081/0.118

0.225 ± 0.022 (4)

1.893 ± 0.177 (3)

Canada Lake

1.601/ND

ND/ND

0.007/ND

0.000/0.000

0.101 ± 0.061 (3)

1.986 ± 1.321 (7)

Lake name

Loon, FLU

Cedar River Flow

1.468/0.084

3.51/0.01

ND/ND

0.026/0.027

0.174 ± 0.000 (1)

0.685 ± 0.520 (3)

Chaumont Pond

2.214/0.201

ND/ND

ND/ND

ND/ND

0.136 ± 0.045 (10)

1.820 ± 0.440 (3)

Clear Pond

0.096/0.012

ND/ND

0.221/0.041

ND/ND

0.085 ± 0.000 (1)

0.566 ± 0.513 (4)

Cranberry Lake

1.043/0

ND/ND

0.413/0.057

ND/ND

0.140 ± 0.067 (5)

2.070 ± 0.814 (14)
2.586 ± 0.633 (2)

Dry Channel Pond

0.995/0.482

ND/ND

0.136/0.081

ND/ND

0.114 ± 0.039 (6)

Lake Durant

3.413/0.056

9.11/0.11

0.229/0.004

0.042/0.045

0.120 ± 0.047 (6)

1.210 ± 0.679 (9)

East Pine Pond

3.181/0.302

ND/ND

ND/ND

ND/ND

0.137 ± 0.087 (4)

1.527 ± 0.407 (4)

Ferris Lake

1.818/0

27.11/0.31

0.628/ND

0.094/0.165

0.360 ± 0.158 (4)

4.135 ± 1.638 (7)

G Lake

1.036/0.126

ND/ND

0.268/0.173

0.024/0.026

0.234 ± 0.065 (4)

1.268 ± 1.091 (2)

Garnet Lake

1.152/0.063

45.21/0.11

0.310/0.066

0.029/0.031

0.098 ± 0.048 (4)

2.093 ± 0.738 (3)

Henderson Lake

1.54/0.181

64.21/1.31

0.393/0.161

0.069/0.091

0.320 ± 0.043 (3)

2.039 ± 0.681 (3)

Hitchins Pond

1.189/0.038

ND/ND

0.447/0.158

ND/ND

0.140 ± 0.078 (4)

1.329 ± 0.789 (5)

Horseshoe Lake

1.449/0

3.11/0.31

0.098/0.056

0.024/0.025

0.130 ± 0.085 (5)

0.310 ± 0.161 (2)

Kushaqua Lake

2.495/0.118

3.71/0.01

0.156/0.066

0.026/0.028

0.129 ± 0.054 (5)

0.894 ± 0.262 (2)

Limekiln Lake

0.555/0.006

ND/ND

0.226/0.028

ND/ND

0.147 ± 0.065 (4)

0.752 ± 0.475 (10)

Little Clear Pond

2.244/0.01

11.61/0.01

0.142/0.018

0.045/0.050

0.142 ± 0.067 (5)

0.577 ± 0.359 (13)

Little Safford Lake

3.164/0.322

ND/ND

0.520/0.059

ND/ND

0.184 ± 0.025 (3)

0.799 ± 0.714 (5)

Long Pond

4.64/0.321

ND/ND

0.056/0.026

ND/ND

0.117 ± 0.032 (5)

1.471 ± 0.919 (11)

Lows Lake

2.396/0

ND/ND

0.194/0.077

ND/ND

0.110 ± 0.024 (4)

1.589 ± 0.807 (13)

Mason Lake

1.525/0.208

88.11/3.61

0.496/0.054

0.058/0.071

0.083 ± 0.028 (4)

1.382 ± 0.680 (4)

Massawepie Lake

1.114/0.208

ND/ND

0.236/0.043

ND/ND

0.061 ± 0.019 (4)

0.846 ± 0.125 (3)

Middle Saranac Lake

1.395/0.061

2.41/0.41

0.309/0.023

0.021/0.023

0.058 ± 0.018 (4)

0.641 ± 0.480 (7)

Moshier Reservoir

2.113/0.12

ND/ND

0.551/0.193

ND/ND

0.207 ± 0.068 (6)

2.601 ± 0.723 (6)

Moss Lake

ND/ND

1.71/0.01

0.305/0.089

0.043/0.048

0.147 ± 0.115 (4)

1.683 ± 0.644 (9)

Newton Falls

1.645/0.129

14.11/0.21

0.319/0.058

0.061/0.076

0.146 ± 0.045 (5)

1.512 ± 0.406 (4)

Nicks Lake

1.231/0.083

ND/ND

0.203/0.026

ND/ND

0.108 ± 0.022 (7)

1.366 ± 0.985 (7)

North Lake

3.78/0.17

11.41/0.21

0.820/0.217

0.070/0.094

0.337 ± 0.096 (6)

3.134 ± 0.611 (3)

Piercefield Flow

1.87/0.12

ND/ND

0.218/0.010

ND/ND

0.116 ± 0.061 (8)

0.599 ± 0.251 (2)

Piseco Lake-Big Bay

1.057/0.121

8.61/0.11

0.213/ND

0.021/0.023

0.102 ± 0.005 (2)

1.085 ± 0.571 (7)

Private Lake #1

3.018/0.03

18.91/1.81

ND/ND

0.079/0.118

0.104 ± 0.017 (3)

2.570 ± 0.113 (2)

Round Lake

1.891/0.015

22.21/0.21

0.236/0.039

0.054/0.064

0.051 ± 0.025 (2)

1.250 ± 1.018 (2)

Seventh Lake

1.197/0.002

ND/ND

0.176/0.029

ND/ND

0.127 ± 0.039 (4)

0.535 ± 0.151 (5)

South Lake

1.119/0.012

8.31/0.11

0.533/0.094

0.055/0.066

0.321 ± 0.148 (6)

1.117 ± 0.567 (8)

South Pond

1.342/0.038

7.31/0.11

0.337/0.040

0.044/0.049

0.200 ± 0.096 (5)

2.411 ± 0.426 (2)

Spitfire Lake

0.614/0.018

ND/ND

0.173/0.006

ND/ND

0.071 ± 0.047 (4)

0.748 ± 0.543 (6)

Squaw Lake

1.804/0.159

ND/ND

0.245/0.182

ND/ND

0.470 ± 0.070 (2)

1.357 ± 0.965 (4)

Taylor Pond

0.713/0.07

2.71/0.01

0.213/0.017

0.030/0.035

0.114 ± 0.041 (5)

1.252 ± 0.922 (3)

Wolf Pond

0.649/0.03

2.51/0.01

0.271/0.040

0.039/0.043

0.174 ± 0.066 (6)

0.955 ± 0.576 (8)

Woodruff Lake

1.728/0.062

ND/ND

0.655/0.055

0.037/0.040

0.096 ± 0.051 (4)

0.848 ± 0.258 (3)
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